
Telemark University College
Faculty of Arts and Sciences

Mercury pollution in fish and 
invertebrates in natural and 
wildfire impacted lakes in Norway

Clara Enedina Moreno Vicente



 
 

 

 

 

Clara Enedina Moreno Vicente 

 

 

 

Mercury pollution in fish and invertebrates in natural and wildfire 

impacted lakes in Norway 

 

 

 

 

Thesis for the degree of Doctor Philosophiae 

 

Telemark University College 

Faculty of Arts and Sciences 

 

 

 

 



 
 

 

 

 

 

 

 

 

 

 

Telemark University College 

Faculty of Arts and Sciences 

Department of Environmental and Health Studies 

Hallvard Eikas plass 

3800 Bø i Telemark 

 

www.hit.no 

 

Doctoral Dissertation at TUC 2014:8 

 

© Clara Enedina Moreno Vicente 

 

 

ISBN 978-82-7206-388-6 

Printed by the Copy Center at TUC - Bø 



1 
 

Acknowledgements 

This PhD thesis was carried out in the period 2010-2014 at Telemark University College (TUC) 

in the department of Environment and Health Studies. The funding for this thesis was provided 

by the Norwegian Research Council and TUC. Thank you for this opportunity. 

First of all, I would like to thank my supervisor Prof. Espen Lydersen for his academic 

guidance, scientific input and assistance in the writing during this challenging work. Special 

thanks to Eirik Fjeld (Norwegian Institute of Water Research) who provided indispensable 

knowledge and much needed help in the understanding and interpretation of statistics. I would 

also like to express my great appreciation to Bjørn Steen (TUC) for his help and assistance during 

the many hours of laboratory work, showing countless patience. I also wish to thank Sigurd 

Rognerud (Norwegian Institute of Water Research) for taking the time to read through my thesis 

and dispensing very welcome assuring comments. Also, a big shout out to all those who helped 

me in the fieldwork: Rebecca, Marianne, Mari, Marijanne, Asle and Eirik. By fieldwork I mean, 

escaping the office, playing on the lakes and enjoying the Norwegian summer with friends, 

occasionally catching a few fish. 

I wish to thank the coffee machine for providing endless mental stimulation and breaks 

with colleagues, who have always kept my cup half full rather than half empty. Thanks for being 

there to make the work environment an enjoyable place. Special thanks to Asle for giving me 

some of his time, support and invaluable help until the end and not forgetting sorting my car out 

every time it broke down. 

There are many great people who I have met during my years living in the middle of 

nowhere (Bø), some of you have become very close friends. And all of you offered happy 

moments and endless support. My years as a PhD student would have been rather dull without all 

of you here. Also, a massive thank-you to skype for letting me see and hear all of my friends that 

are a million miles away. 

Last but not least, I want to thank my parents, Manuel and Nieves, who have always 

supported me, believed in me and helped me reach my goals even in the distance. To my brother 

Sergio, for teasing me when we were kids, I feel it taught me to take criticism well now. To my 

nan Hortensia, who is now a 21
st
 century grandma and a skyping pro. And not forgetting the rest 



2 
 

of my family. All of you I could not see as much as I would have liked during the progress of this 

thesis.  

I would like to dedicate this work to my grandfather, Luciano, who is no longer here and 

who would have been very proud to see me accomplish this work. 

Norge, you have been great, my appreciation for nature has risen higher than Lifjell´s 

peak, and likewise have my skiing skills. I feel just about ready for the next winter Olympics as 

long as stopping on my butt won’t get me disqualified. This has been a great experience, with 

both good and hard moments, but full of unforgettable adventures. There is Norway I could have 

got through the past years without you all. Tusen takk! ¡Muchas gracias! 

Be bold and jump in that lake, go climb that tree to see the world… your life will be 

richer! 

Let’s give thanks for the good things in life  

 

Bø i Telemark 

June, 2014 

 

 

 

  



3 
 

Table of Contents 

 
Acknowledgements ....................................................................................................................................... 1 

Table of Contents .......................................................................................................................................... 3 

Summary ....................................................................................................................................................... 4 

Sammendrag ................................................................................................................................................. 6 

List of papers ................................................................................................................................................. 9 

1. INTRODUCTION ...................................................................................................................................... 10 

1.1 Sources of mercury ...................................................................................................................... 10 

1.2 Mercury species .......................................................................................................................... 12 

1.3 Distribution of mercury in ecosystems........................................................................................ 14 

1.4 Stable isotopes of carbon and nitrogen ...................................................................................... 16 

1.5 Mercury in aquatic biota ............................................................................................................. 24 

1.6 Wildfires and aquatic ecosystems ............................................................................................... 27 

2. OBJECTIVES ............................................................................................................................................. 30 

3. RESULTS AND DISCUSSION ..................................................................................................................... 31 

3.1 Seasonal fluctuations of Hg concentration in fish ....................................................................... 31 

3.2 Hg biomagnification in aquatic food webs (δ15N) ....................................................................... 32 

3.3 Stable isotope analyses ............................................................................................................... 35 

3.4 Horizontal food web structure (δ13C, energy source) and Hg in fish .......................................... 37 

3.5 Effects of wildfire on aquatic ecosystems ................................................................................... 41 

4. CONCLUSIONS ........................................................................................................................................ 46 

5. REFERENCES ........................................................................................................................................... 48 

Papers I-IV ................................................................................................................................................... 63 

 

 

 

  



4 
 

Summary 

Mercury (Hg) contamination in fish has become a global issue and remains a major problem of 

concern in the Nordic countries, with atmospheric long-range transport of Hg being the main 

source to aquatic ecosystems. Most Hg in fish is present as monomethylmercury (CH3Hg
+
, 

MeHg), a powerful neurotoxin that biomagnifies to harmful concentrations through the aquatic 

food web, and is mainly obtained from the diet.  

The main goal of this dissertation was to investigate the Hg content in fish from lakes 

with different environmental characteristics, including both natural and wildfire impacted lakes, 

and to discuss different factors affecting the Hg content in biota. The fieldwork of this thesis was 

conducted in several lakes: two relatively big lakes in Telemark county (Lake Norsjø and Lake 

Heddalsvatn) and in nine small boreal acidic lakes located in a wildfire impacted area in 

Mykland, southern Norway. Hg concentrations were investigated in various fish species as well 

as in macroinvertebrates. In addition, stable isotope analysis of carbon and nitrogen (δ
13

C and 

δ
15

N) were measured in fish and macroinvertebrates. The δ
15

N signatures were used for estimates 

of trophic position, while the δ
13

C signatures were used to estimate the relative contribution of 

food derived from littoral or pelagic habitats. For the wildfire study, water samples were 

collected monthly over four years and analyzed for the main water chemical parameters. Fish 

were also sampled during 2008, 2010 and 2012 to evaluate potential year differences on Hg, δ
13

C 

and δ
15

N. 

Food web transfer of total Hg (THg) was studied using trophic magnification slopes 

(TMS), i.e. slopes of the linear regression between log-transformed Hg and relative trophic 

position (stable nitrogen isotope, δ
15

N) in biota, and used as indicators of the biomagnifying 

potential of Hg in different aquatic ecosystems. The TMS values ranged from 0.16 to 0.25 and 

varied depending on the ecosystem characteristics and physico-chemical parameters such as 

temperature related processes, total organic carbon (TOC) or pH. These values indicated trophic 

magnification factors of Hg ranging from 3.6 to 7.1 per trophic level. 

Seasonal variations of Hg concentrations were investigated in Lake Heddalsvatn during 

December, May and September, in three fish species. Results showed that there were seasonal 

differences, but the causes varied depending on the fish species. Fish caught in December 

(European whitefish, Coregonus lavaretus; northern pike, Esox lucius) had the highest Hg 

concentrations, while the concentrations in May were higher than in September for all three 
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species, statistically significant (p < 0.0001) for European perch (Perca fluviatilis) and close to 

significant for pike (p = 0.07). Somatic growth dilution was the most likely explanation for the 

perch population, whereas for whitefish and pike this mechanism could not be the explanatory 

factor as there was no measurable growth from May to September. 

We used the δ
13

C signatures of primary consumers from pelagic and littoral habitats in a 

simple two-source mixing model to estimate the relative dietary contribution in fish from food 

derived from the littoral or pelagic habitats in Lake Norsjø. Perch exhibited the highest 

zoobenthos reliance (89 ± 14%), while European smelt (Osmerus eperlanus) exhibited the lowest 

(37 ± 7%). The most intermediate δ
13

C signatures, i.e. supported by a mixed diet of littoral and 

pelagic food webs, were found in piscivore species with the highest trophic position, and the 

subsequent highest Hg concentrations both in Lake Norsjø and Lake Heddalsvatn. 

The changes in water chemistry in the wildfire affected area were studied for over 4 years 

(2008-2012) following the fire. There were large lake-to-lake variations and hydrological 

conditions such as heavy rain or snowmelt periods were the main reason for the most severe 

water chemical episodes. There was an initial drop in the acid neutralizing capacity (ANC) of the 

lakes two months after the fire, due to a faster mobilization of sulfate and chloride ions compared 

to base cations. An initial decrease in TOC and increase in nutrient runoff (nitrogen, N, and 

phosphorous, P) were observed in the initial post-fire period, followed by a gradual decrease in N 

and P, and increases in TOC. The water chemical conditions were almost re-established one year 

after the wildfire and had almost returned to pre-fire levels four and a half years after the fire.  

A water survey analysis was conducted in June 2012, four years after the fire, and the 

concentrations of THg and MeHg ranged between 1.17 - 2.63 ng L
-1

 and 0.053 - 0.188 ng L
-1

, 

respectively. Both variables were strongly and positively correlated to TOC and TOC-related 

variables such as color or UV absorbance, and with total-P and total iron. MeHg was also 

positively correlated with total-N and chlorophyll-a. 

There was no conclusive evidence that the fire affected the Hg concentrations in fish, but 

generally higher levels were found two years after the fire. Increased nutrients and chlorophyll-a 

concentration in the lakes might be key factors to explain this increment. Natural factors as year-

to-year variations in thermocline depth or suboxic status in lakes make it difficult to draw any 

strong conclusions about direct wildfire effects on Hg in the biota from the investigated lakes. 
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Sammendrag 

Høye kvikksølvkonsentrasjoner (Hg) i mange fiskearter er et globalt problem, da det blant annet 

medfører begrensninger for salg og konsum av flere arter både i ferskvann og saltvann. For 

ferskvannsfisk i Skandinavia skyldes dette primært en kombinasjon av vannkjemiske forhold, 

spesielt i våre skog- og myrpåvirkede innsjøer, og betydelig tilførsler av langtransportert Hg via 

atmosfæren. I hovedsak forkommer Hg som monometyl-Hg (CH3Hg
+
, MeHg) i fiskekjøtt. Dette 

er en nevrotoksisk forbindelse som oppkonsentreres i næringskjeden, og derfor kan medføre 

svært høye konsentrasjoner i toppredatorer som fiskespisende fisk, fugl og pattedyr, inkludert 

menneske. I hovedsak kommer MeHg inn i organismene via maten de spiser.  

Hovedmålet for avhandlingen har vært å undersøke Hg-konsentrasjoner i fisk i innsjøer 

med ulike fysisk-kjemiske forhold, og både naturlige og brannpåvirkede innsjøer har blitt 

undersøkt for å diskutere ulike faktorer som kan være avgjørende for Hg-nivåene i ulike 

akvatiske næringskjeder. Feltarbeidet har vært gjennomført i to store innsjøer i Telemark (Norsjø 

og Heddalsvatn), samt i ni mindre boreale, sure innsjøer i et brannpåvirket område på Sørlandet 

(Mykland). I alle innsjøene har Hg-konsentrasjonene i fisk og akvatiske invertebrater 

(zooplankton og bunndyr) blitt undersøkt. I tillegg er det gjennomført stabile isotopanalyser av 

karbon (δ
13

C) og nitrogen (δ
15

N) i organismene. Mens δ
15

N -signaturen i en organisme kan si noe 

om organismens trofiske posisjon (hvor i næringskjeden den befinner seg), vil dens δ
13

C-signatur 

kunne si noe om hva slags mat organismen primært spiser, det vil si om de primært lever av 

bunndyr i strandsonen (littoral føde) eller av zooplankton som befinner seg ute i de frie 

vannmassene (pelagisk føde).  I brannområdet ble også hver måned gjennomført makrokjemiske 

analyser av innsjøene over en fire-års periode (2008-2012). Tre ganger under den samme 

tidsperioden (høsten 2008, 2010 og 2012) ble prøver av fisk tatt for å kunne vurdere mulige 

endringer i Hg-nivåer og/eller δ
15

N og δ
13

C signaturer som en følge av brannen.   

Oppkonsentreringen av Hg gjennom næringskjeden ble kvantifisert med en trofisk 

magnifiserings-koeffisient (TMS = Trophic Magnification Slope). TMS-verdien er 

stigningskoeffisienten for den lineære regresjonen mellom log-transformert Hg-konsentrasjon og 

relativ trofisk posisjon (δ
15

N) for de ulike organismene i hver enkelt innsjø. I de ulike innsjøene 

varierte TMS-verdiene varierte mellom 0.16 – 0.25. Ulike nedbørsfelt-spesifikke forhold og 

fysisk-kjemiske forhold i innsjøene, som vanntemperatur, konsentrasjon av totalt organisk karbon 
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(TOC) og pH, var sentrale forklaringsfaktorer for variasjonene i innsjøenes TMS-verdi. 

Variasjonene i TMS (0.16 – 0.25) betyr forskjeller i oppkonsentreringsfaktor for Hg gjennom 

næringskjeden fra 3.6 til 7.1 per trofisk nivå i de undersøkte innsjøene.   

For å studere mulige sesongvariasjoner i Hg-konsentrasjoner gjennom året, ble fisk 

undersøkt i mai, september og desember i innsjøen Heddalsvatn. Resultatene dokumenterte 

sesongvariasjoner, men årsakene til disse varierte mellom de undersøkte fiskeartene, sik 

(Coregonus lavaretus), gjedde (Esox lucius) og abbor (Perca fluviatilis). Fisk fanget i desember 

(sik og gjedde) hadde de høyeste Hg-konsentrasjonene, mens konsentrasjonene i mai var høyere 

enn i september for alle tre fiskearter, statistisk signifikant (p < 0.0001) for abbor og tilnærmet 

signifikant for gjedde (p = 0.07). Somatisk vekstfortynning var den mest sannsynlige årsaken til 

lavere Hg-konsentrasjon i abbor i september i forhold til i mai. For sik og gjedde måtte det være 

andre årsaker til lavere konsentrasjoner i september enn i mai, siden vi ikke kunne dokumentere 

noen målbar vekst fra mai til september i det innsamlede prøvematerialet.  

Ved å benytte δ
13

C signaturene til pelagiske og littorale primærkonsumenter kan en ved 

bruk av en enkel to-komponent blandingsmodell, estimere hvor mye av dietten til hver enkelt fisk 

som kommer fra de to «hovedmatkildene» i innsjøen. Denne modellen ble anvendt i innsjøen 

Norsjø, og viste at abbor var den fiskearten som i størst grad (89 ± 14 %) hentet sin føde fra 

littoralsonen (bunndyr i strandsonen), mens krøkle (Osmerus eperlanus) var den undersøkte 

fiskearten som hadde minst innslag av littoral føde (37 ± 7 %). Mest intermediære δ
13

C signaturer 

ble påvist i fiskespisende fisk. Disse fiskene befant seg også høyest oppe i næringskjeden (høyest 

δ
15

N-signaturer) og hadde derfor også de høyeste Hg-konsentrasjonene. Dette ble også 

dokumentert i Heddalsvatn.  

I brannområdet i Mykland ble vannkjemiske effekter i innsjøene undersøkt i fire år etter 

brannen (2008-2012). Det var store variasjoner mellom innsjøene med hensyn til vannkjemiske 

effekter av brannen, men for alle innsjøene ble de mest ekstreme vannkjemiske episodene påvist 

under hydrologiske episoder som intensive regn- og snøsmeltingsperioder. Under en betydelig 

nedbørsepisode cirka to måneder etter brannen, ble det påvist en kraftig nedgang i 

syrenøytraliseringskapasiteten (ANC) til innsjøene, som en følge av betydelig raskere 

mobilisering av sulfat- og kloridioner fra nedbørsfeltene og ut i innsjøene i forhold til 

mobiliseringen av basekationer. Samtidig var det en nedgang i konsentrasjonen av totalt organisk 



8 
 

karbon i innsjøene, mens konsentrasjonene av næringsstoffer som nitrogen (N) og fosfor (P) økte 

i innsjøene. Etter disse til dels betydelige vannkjemiske endringene under en relativt kort periode 

etter brannen, normaliserte vannkjemien seg relativt godt i løpet av det første året, og fire og et 

halvt år etter brannen, var forholdene tilnærmet slik de var før brannen.     

I juni 2012, fire år etter brannen, ble det gjennomført undersøkelser av total Hg (THg) og 

MeHg-konsentrasjoner i innsjøene. Konsentrasjonene av THg varierte mellom 1.17 – 2.63 ng L
-1

 

mens konsentrasjonene av MeHg varierte mellom 0.053 – 0.188 ng L
-1

. Begge Hg-variablene var 

sterkt positivt korrelert med TOC-konsentrasjonen i innsjøene og andre TOC-relaterte variabler 

som farge og UV-absorbans. Signifikante positive korrelerasjoner ble også funnet mellom 

THg/MeHg og total-P og total-Fe. MeHg var i tillegg signifikant positivt korrelert med total-N og 

klorofyll-a.  

Det var ingen entydig tendens til at brannen hadde påvirket Hg-konsentrasjonene i fisk, 

men generelt ble det funnet høyere Hg-konsentrasjoner i fisk to år etter brannen. Økte 

konsentrasjoner av næringsstoffer og klorofyll- a kan være mulige faktorer som kan forklare 

denne økningen, men naturlige år-til-år variasjoner i termoklindyp eller oksygenstatus i innsjøene 

gjør det vanskelig og trekke klare konklusjoner omkring direkte effekter av brannen på Hg-

nivåene i akvatiske organismer i de undersøkte innsjøene.   
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1. INTRODUCTION 

Mercury (Hg) remains an environmental concern in many parts of the world as a pollutant in 

terrestrial and aquatic ecosystems. The contamination of fish with monomethylmercury, CH3-Hg
+ 

(MeHg), the most toxic aquatic form of Hg and readily accumulated in biota, poses a human 

health risk. Its toxicity affects the nervous and endocrine system of fish, birds, and mammals, 

including humans. MeHg is readily absorbed from the gastrointestinal tract, it enters the blood, 

and is then distributed to all the organs including the brain (Clarckson and Magos, 2006). In the 

Nordic countries, the long-range transboundary transport of atmospheric Hg is the main source to 

ecosystem contamination (Rognerud and Fjeld, 1993; Munthe et al., 2004). The high Hg 

concentrations observed in Arctic biota have been hypothesized to be due to recent changes in the 

Hg cycle, caused by industrialization and climate change (Stern et al., 2012). However, the level 

of Hg pollution in fish does not only depend on the Hg input but also on external factors 

influencing its transport and transformation to chemical forms as MeHg (Ullrich et al., 2001). 

1.1 Sources of mercury 

The Hg present in the environment comes from both natural and anthropogenic sources. Hg is an 

element naturally present in the earth’s crust, most often found in the form of cinnabar, a Hg 

sulfide mineral (HgS). It is also present as an impurity in valuable minerals, such as non-ferrous 

metals or fossil fuels (coal, in particular). Various natural processes such as volcanic eruptions 

and seismic activities, forest fires, weathering of Hg-containing rocks, and volatilization from the 

ocean can release Hg into the atmosphere, water bodies and soils. Thus, there are many natural 

sources of Hg which have background environmental levels that have been present since long 

before humans appeared (UNEP, 2013). According to Pirrone et al. (2010), the global Hg 

emissions by natural sources (primary Hg emissions and re-emissions) estimated for 2008, reach 

a total of 5207 tons yr
-1

(Table 1), amounting to nearly 70% of the THg emissions (natural and 

anthropogenic) in 2008.  

The anthropogenic emissions have increased dramatically during the last 150 years, i.e. 

from the beginning of the industrial revolution until today (AMAP, 2011). Atmospheric 

emissions are the most important anthropogenic source of Hg inputs to land and oceans. 

According to Pirrone et al. (2010), the most important anthropogenic sources are: coal and oil 
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combustion, artisanal and small-scale gold mining, non-ferrous metal production, cement 

production, waste disposal and caustic soda production (Table 2). The total anthropogenic Hg 

emissions in 2008, 2320 tons yr
-1

, amount to ≈ 31% of the total global Hg emissions. 

Table 1 Global Hg emissions by natural sources estimated for 2008 (Pirrone et al., 2010). 

Natural sources Hg (tons yr
-1

) 

Oceans 2682 

Biomass burning 675 

Desert/metalliferous/non-vegetated zones 546 

Tundra/grassland/savannah/prairie/chaparral 448 

Forests 342 

Evasion after Hg depletion events 200 

Agricultural areas 128 

Lakes 96 

Volcanoes and geothermal areas 90 

Total 5207 

 

Table 2 Global Hg emissions by anthropogenic sources estimated for 2008 (Pirrone et al., 2010). 

Anthropogenic sources Hg (tons yr
-1

) 

Coal and oil combustion 810 

Artisanal gold mining production 400 

Non-ferrous metal production 310 

Cement production 236 

Waste disposal 187 

Caustic soda production 163 

Mercury production 50 

Pig iron and steel production 43 

Coal bed fires 32 

Vinyl chloride monomer production 24 

Other 65 

Total 2320 

 

 

Several countermeasures have been implemented in many countries, including Norway, in 

order to reduce the anthropogenic Hg emissions. The Norwegian Hg releases to air, soil and 

water were estimated at almost 6 tons in 1985 and 2.5 tons in 1995, but between 1995 and 2008, 

they were reduced by 64% to about 0.9 tons, while the target goal is a total elimination of local 

emission sources by 2020 (Klif, 2010). The Norwegian Hg emissions to air in 2008 were about 
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0.7 tons, considerably less than the atmospheric transport of Hg to Norway from other countries. 

Approximately, 2.6 tons of Hg are transported to Norway from sources outside the Norwegian 

borders (Berg et al., 2006). Thus, national emissions correspond to 27% of the total atmospheric 

Hg in Norway.  

 

1.2 Mercury species 

Inorganic Hg might occur in 3 valence states, elemental Hg (Hg
0
), monovalent or mercurous Hg 

(Hg2
2+

), and divalent or mercuric Hg (Hg
2+

).  These cationic forms may complex with many 

inorganic and organic ligands, with various physical and chemical properties, decisive for 

mobilization and toxicity in ecosystems (Clarkson and Magos, 2006; Morel et al., 1998; AMAP, 

2011). Important Hg species are:  

- Elemental Hg (metallic Hg, Hg
0
). It is the pure inorganic form, present as liquid at room 

temperature and evaporates slowly as Hg
0
, often termed gaseous elemental mercury (GEM). The 

GEM dissolves rapidly in water, often termed dissolved gaseous mercury (DGM). 
 

- Inorganic Hg cations. The divalent and monovalent cationic forms of Hg form various 

salts, primarily with inorganic anions as sulfide (S
2-

), chloride (Cl
-
) and oxide (O

2-
), where the 

most common compounds found in nature are: mercuric sulfide (HgS, cinnabar), mercuric oxide 

(HgO) and mercuric chloride (HgCl2). 
 

- Organic Hg. Inorganic cationic Hg might form many complexes with organic C. The 

predominant form is monomethylmercury (CH3Hg
+
 or MeHg), one of the most toxic forms as it 

strongly binds to the sulfur-containing amino acids (cysteine and methionine) and thus, 

biomagnifies through food webs. Other organic Hg-complexes are dimethylmercury, 

phenylmercuric acetate, and methylmercury chloride. 
 

- Particulate Hg (Hgp). Consists of Hg bound in, or adsorbed on, particulate matter and is 

generally not very bioavailable. 
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The different chemical forms and oxidation states of Hg can cycle indefinitely between 

atmospheric, aquatic and terrestrial environments. There are two main physico-chemical 

processes important for bioavailability of Hg in biota: oxidation-reduction and methylation-

demethylation processes. 

Oxidation-Reduction processes 

In order to enter the biosphere and the food web, the relatively unreactive Hg
0
 must be oxidized 

to a more reactive form (Hg
2+

). The oxidation of Hg
0
 to Hg

2+
 in the atmosphere has been thought 

to have ozone (O3) as the primary oxidant (Munthe, 1992; Iverfeldt and Lindqvist, 1986), but it 

was recently shown that the reaction is an unlikely pathway for atmospheric conditions (Calvert 

and Lindberg, 2005). It is still unclear which oxidant dominates, but bromine (Br) is known to 

cause rapid loss of Hg
0
 in the Arctic boundary layer in spring (Schroeder et al., 1998; AMAP, 

2002). Oxidation of Hg
0
 is thought to be controlled by photochemistry, thus production of Hg

2+
 is 

thought to peak during midday (Selin, 2009). 

Since Hg
2+

 has low volatility and reactive properties, when Hg
0
 is converted to Hg

2+
, it 

can be rapidly taken up in rain water, snow or adsorbed onto small particles, and subsequently be 

deposited in the environment via wet or dry deposition. Once oxidized, 60% of atmospheric Hg is 

deposited to land and 40% to water, even though land only represents 30% of the Earth’s surface 

(Morel et al., 1998). The dry-deposition on land will vary depending on the effective surface 

areas from different types of vegetation, and whether it is forested or non-forested areas. 

Additionally, part of the dry-deposited Hg will be retained in the canopy (sorption on plant 

surface or uptake by stomata) and the rest will be washed-off by precipitation and end up as 

throughfall water (Iverfeldt, 1991).  

 

Methylation-Demethylation processes 

The concentrations of MeHg are the net result of the biotic and abiotic processes producing and 

degrading MeHg, i.e., the methylation and demethylation processes. Methylation of inorganic Hg 

to MeHg and demethylation of MeHg are two fundamental processes determining the levels of 

MeHg in the aquatic ecosystems. 
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In aquatic environments, methylation is primary microbial, inorganic Hg is converted to 

MeHg by sulfate- and iron-reducing bacteria (Benoit et al., 2001; Kerin et al., 2006). 

Methanogens have also been demonstrated to be primary methylators in lakes (Hamelin et al., 

2011). The methylation processes can follow both biotic and abiotic pathways in both terrestrial 

and aquatic ecosystems. In lakes, the methylation mainly occurs in bottom sediments, but can 

also take place in water. Methylation processes are affected by a variety of environmental factors 

such as, nutrient availability, water temperature, organic material, sulfur cycling, salinity, pH or 

redox conditions (Ullrich et al., 2001). Methylation is generally favored by acidic and anaerobic 

conditions, with moderately high temperatures and high concentrations of organic matter (Ullrich 

et al., 2001). 

An abiotic methylation is also possible if suitable methyl donors are present (Ullrich et 

al., 2001). The process depends on environmental factors including pH, temperature or the 

presence of complexing agents such as chloride. Some of the methylating agents include small 

organic molecules such as methylcobalamin, methyltin and methyl iodide (Celo et al., 2006). 

The decomposition of MeHg in aquatic environments is also performed by bacteria and 

has two different pathways: reductive and oxidative demethylation (Barkay and Wagner-Doebler, 

2005). MeHg is reduced to volatile elemental Hg (Hg
0
) and methane (CH4), while the oxidative 

demethylation results in the production of divalent Hg (Hg
2+

), CO2 and CH4 (Lehnherr, 2014). 

Both pathways are performed by different groups of microorganisms. Abiotic processes also 

include photolytic decomposition of MeHg (photodemethylation) by solar radiation in lake 

surface waters (Sellers et al., 1996; Mason and Benoit, 2003; Lehnherr and St Louis, 2009). 

1.3 Distribution of mercury in ecosystems 

Fluxes of both natural and anthropogenic Hg derive from point and diffuse sources, and 

subsequent emissions from land, freshwater and oceans. When Hg cycles between the 

atmosphere, water, sediment and soil, it undergoes a series of complex chemical, physical, and 

biological transformations, many of which are still not completely understood.  

Hg enters the atmosphere as a gas (Hg
0
) making up for 95% of the THg, or bound to 

airborne particles (Hgp). It can then be deposited in the environment by either wet- or dry-

deposition. In aquatic ecosystems, the ultimate source of Hg is deposition from the atmosphere, 
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usually associated with rainfall or snow. Once in the water, Hg enters a complex cycle of 

reactions between the different chemical forms. It can also be settled in the sediments, enter the 

food web and/or be released back to the atmosphere by volatilization (Fig. 1).  

 

Fig. 1 Hg cycle in aquatic ecosystem (Source: Engstrom, 2007). 

The Hg load into lakes includes direct inputs to the lake surface, indirect inputs from 

terrestrial catchment discharge, and internal processes within the lake (Fig. 1). MeHg is the most 

important chemical form of Hg regarding accumulation and biological effects on biota, thus the 

interactions between total Hg load, the microbial transformation of Hg, the water chemistry 

(redox potential, Eh, pH, temperature, dissolved organic carbon, etc.) and the food web structure, 

are essential factors for the MeHg concentration in lake water and, subsequently, in lake biota 

(Ullrich et al., 2001; Boszke et al., 2002; Engstrom, 2007; Arctic Pollution, 2011; Liu et al., 

2012). Thus, as the Hg concentration in aquatic biota is highly dependent of the amount of 

MeHg, a THg concentration seldom explains the Hg levels in aquatic biota. This may explain 
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why an increase in Hg concentrations in fish may occur, despite a total reduction in THg input, as 

it has been reported in several Norwegian lakes (Fjeld and Rognerud, 2009).  

Watershed landscapes, especially wetlands, constitute an important source of MeHg to 

downstream aquatic ecosystems. In watersheds from northern latitudes, wetlands are often an 

important terrestrial landscape component. Wetlands play an important role in the Hg cycle and 

represent “hot spots” for bacterial Hg methylation (Grigal et al., 2000; Hall et al., 2008; 

Branfireun et al., 1998; St. Louis et al., 1994). The percentage of wetland areas in lake 

catchments is positively correlated to the MeHg levels in downstream waters, suggesting that 

wetlands export MeHg to lakes and rivers (Rudd, 1995; Hurley et al., 1995). This could probably 

explain why fish in brown-water lakes, which receive a significant inflow from wetlands, often 

have high concentrations of MeHg (Driscoll et al., 1994). 

 

1.4 Stable isotopes of carbon and nitrogen 

Stable isotope analysis (SIA) of nitrogen (
14

N and 
15

N) and carbon (
12

C and 
13

C) is an important 

technique for characterizing food web structure and understanding the pathways of energy flow 

through the food web (Peterson and Fry, 1987; Kling et al., 1992; Cabana and Rasmussen, 1996).  

Despite the minor mass difference between isotopic forms of an element, isotopes 

function slightly different in various physical, chemical and biological processes. Generally, the 

lightest isotope (
12

C or 
14

N) tends to form weaker bonds and react faster than the heavier isotopes 

(
13

C or 
15

N). As a consequence, the abundance of stable isotopes of an element will vary between 

chemical species. Isotope fractionation is the change in isotopic abundance between chemical 

species due to physical or chemical processes (Gannes et al., 1998). 

The stable isotope composition is usually expressed as a ratio of heavy to light isotope (δ 

values) relative to an internationally accepted reference standard. The use of ratios allows for 

large variations (in per mil, ‰) to be observed between samples that slightly differ in the 

percentage composition of given isotopes. Therefore, the isotopic composition is expressed as 

follows: 

δX = (
𝑅𝑠𝑎𝑚𝑝𝑙𝑒

𝑅𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
−  1) ∗ 1000 
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where X is the heavier isotope, and R is the corresponding ratio between the heavy and light 

isotope, 
13

C/
12

C or 
15

N/
14

N, in the sample and the standard. Increases in δ values denote increases 

in the amount of the heavy isotope components. Conversely, decreases in δ values denote 

decreases in the heavy isotope content, and a reciprocal increase in the light isotope component 

(Peterson and Fry, 1987). Isotope ratios are measured using mass spectrometry, which separates 

the different isotopes of an element on the basis of their mass-to-charge ratio. 

Two natural stable C isotopes exist: 
12

C (98.89 %) and 
13

C (1.11 %), with a natural ratio 

13
C/

12
C (δ

 13
C) of 0.112 ‰ (1.11/98.89). The reference standard material is C in the PeeDee 

limestone. This standard consists of a calcium carbonate from a Cretaceous belemnite from the 

Peedee Formation in South Carolina (Craig, 1953). The nomenclature has been changed to 

VPDB, Vienna-Pee-Dee-Belemnite (Coplen, 1994). 

Two natural stable N isotopes exist: 
14

N (99.64 %) and 
15

N (0.36 %), with a natural ratio 

15
N/

14
N (δ

15
N) of 3.61 ‰ (0.36/99.64). The isotope ratio in a sample is compared to the standard 

N ratio in the air (Mariotti, 1983).  

Carbon and nitrogen fractionation 

It has been shown that an animal’s diet is isotopically reflected in its tissues. Consumers become 

enriched in 
15

N relative to their diet by 3.4 ‰ per trophic level (Minagawa and Wada, 1984; Post, 

2002). In contrast, the isotope fractionation of C through the food web is relatively conserved in 

each trophic level transfer, only about 0.4 ‰ (Post, 2002). Several stable C isotope data from 

different sources are shown in Table 3. 

 

Table 3 δ
13

C signatures from different carbon sources (France, 1995b; O’Leary, 1988; Rognerud, 2003) 

Material δ
13

C (‰) 

VPDB δ
13

C standard 0 

Atmospheric CO2 -8 

C3 plants -29 to -25 

C4 plants -16 to -12 

CAM plants -20 to -10 

Freshwater macrophytes -16 ± 4 

Small plankton algae -36 to -30 

Periphyton -22 to -18 

Turf, humus -27 ± 3 
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When analyzing an animal’s diet, the most common method has usually been the analysis 

of stomach contents, feces or food remains. However, gut content only gives a picture of the last 

meal at a specific time (a snapshot analysis), but might not reflect the overall diet. Thus, stable 

isotopes of N and C in animals’ tissues integrate dietary components over a much longer period 

of time (Hesslein et al., 1993) and they provide an average estimate of an organism’s preferred 

diet (DeNiro and Epstein, 1978; Pinnegar and Polunin, 1999). 

In aquatic ecosystems, δ
13

C is useful for differentiating between two major sources of 

available energy: pelagic and littoral. Pelagic consumers mainly base their food sources on 

autochthonous primary productivity, like phytoplankton, while littoral consumers are mainly 

sustained by attached algae and detritus (France, 1995b). The δ
13

C signature of the littoral food 

web tends to be enriched in 
13

C (less negative δ
13

C) compared to the signature of the pelagic food 

web (France, 1995b) (Fig. 2). Benthic algae tend to be 
13

C enriched compared to phytoplankton, 

as a consequence of the greater water turbulence to which planktonic algae are exposed, which 

reduces the boundary layer thickness and may cause 
13

C depletion  (France, 1995b). The δ
13

C 

signature is generally lighter (
13

C depleted) in plants by increasing water depth, because of 

increased incorporation of respired CO2, which is more abundant in deeper water of stratified 

lakes (Rognerud et al., 2003). 

There are primarily three energy sources in aquatic ecosystems: plankton algae C, 

periphyton C and terrestrial C (Fig. 2).  
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Fig. 2 Principal energy sources in aquatic ecosystems. 

 

Enrichment of δ
15

N occurs at successive levels allowing for estimates of relative trophic 

position within a food web (Cabana and Rasmussen, 1996; Vander Zanden and Rasmussen, 

1999). The enrichment of N from prey to predator could be explained by two mechanisms: 

isotope fractionation favoring the heavy N (
15

N) during protein synthesis from amino acids, as 

most of the body N is in the form of protein; or isotope fractionation favoring the light N (
14

N) in 

the process of N elimination (Schoeller, 1999). 

In general, the δ
15

N signatures become heavier as the δ
13

C signatures become lighter. This 

is caused by a change in N sources for primary producers as the importance of other C sources 

changes (Rognerud et al., 2008). 

However, to obtain the high level of resolution required to discern complex trophic 

interactions, stable isotopes should be used together with other information, such as direct diet 

analyses from stomach content (Post, 2002). 
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Baseline corrections 

When comparing food webs from different lake ecosystems, the δ
15

N and δ
13

C values of an 

organism alone provide little information about its absolute trophic position or ultimate source of 

C (Post, 2002). Therefore, an appropriate isotopic baseline correction is needed (Cabana and 

Rasmussen, 1996). This is likely due to considerable variations between ecosystems at the base 

of the food web from which organisms draw their N and C (Post, 2002).  

Variations in primary producers or primary consumers also exist within a system, to the 

extent that the signature of one primary consumer may not reflect that of any other primary 

consumer in the same system. It is due to habitat-specific differences in baseline δ
13

C and δ
15

N. 

According to DeNiro and Epstein (1981), different individuals of a same species raised with the 

same diet can have significantly different δ
15

N values. Vander Zanden and Rasmussen (1999) 

studied the spatial variability in stable isotopic values of primary consumers as a function of 

feeding habitat (Table 4). Therefore, different basal sources should be taken into consideration 

when baseline correcting the isotopic signatures of different fish individuals from an ecosystem, 

due to the behavior of fish feeding across different habitats.  

 

Table 4 Mean values of δ
13

C and δ
15

N from primary consumers sampled in 14 lakes in Canada 

(Vander Zanden and Rasmussen, 1999). 

 Littoral Pelagic Profundal 

δ
13

C -23.8 ‰ -28.4 ‰ -30.5 ‰ 

δ
15

N 1.6 ‰ 3.1 ‰ 5.2 ‰ 

 

The δ
15

N values may reveal temporal fluctuations due to seasonal variations in N source 

input to lakes. Accordingly, gastropods or bivalves are suitable organisms for bottom line 

corrections because gastropods feed on periphyton and bacteria, the lowest trophic level in the 

benthic food webs, and bivalves feed on seston (algae and bacteria), the lowest trophic level of 

the pelagic food web. Both groups live relatively long and therefore reduce seasonal fluctuations 

typical from short-lived organisms. Thus, both are suitable for baseline corrections for benthic 

and pelagic food webs, respectively (Post, 2002). 
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In oligotrophic clear water lakes, benthic invertebrates are important prey for many fish 

species. In such case the periphyton-feeding gastropod Lymnaea peregra has commonly been 

used in Norwegian lakes. The baseline corrections are made by the following equation (Rognerud 

et al., 2003; Post, 2002): 

1)  δ
15

N-k (‰) = δ
15

Nfish (‰) – δ
15

NL. peregra (‰) 

2)  δ
13

C-k (‰) = δ
13

Cfish (‰) – [δ
15

N-k (‰) / 3.4] * 0.4 

Thus, the interpretation of isotopic signatures of higher trophic level consumers, after 

being baseline corrected by long-lived primary consumers such as snails and mussels, will 

provide a measure of food chain length related to bottom-up mass transfer that can then be 

compared between lakes (Cabana and Rasmussen,1996). Vander Zander et al. (1997) confirmed 

the ability of baseline adjusted δ
15

N signatures to represent the trophic position of aquatic 

consumers. However, obtaining an appropriate baseline is a difficult methodological issue 

regarding the effective application of stable isotopes to describe trophic food webs (Post, 2002). 

Stable isotope fractionation in fish 

Fish have a key role in aquatic food webs, they are important consumers from diverse sources, 

and may occupy multiple trophic levels, often being on the top of the aquatic food web (Vander 

Zanden and Vadeboncoeur, 2002). Therefore, they are widely used in the evaluation and 

understanding of trophic interactions in aquatic food webs. 

When analyzing individual tissues of a single fish, differential fractionations might occur. 

Frequently, dorsal white muscle, bone collagen or fish liver are sampled. The whole fish is 

analyzed when it is too small for any individual tissue to be sampled (Pinnegar and Polunin, 

1999). According to Pinnegar and Polunin (1999), white muscle is less variable in δ
13

C and δ
15

N 

than all other tissues, and it is probably the best tissue for use in ecological work.  

Lipid synthesis discriminates against 
13

C in favor of the lighter isotope (
12

C), thus, tissues 

that contain large amounts of lipids tend to be more depleted in 
13

C compared with whole 

organisms (Pinnegar and Polunin, 1999). The extraction of lipid prior to stable isotope analysis 

can produce significantly different δ
13

C values for freshwater and marine fishes and invertebrates 



22 
 

(Søreide et al., 2006). Elsdon et al. (2010) demonstrated that extracting lipids from fish muscle 

increased both δ
13

C and δ
15

N by approximately 1‰.  

Starving animals exhibit elevated δ
15

N enrichment (Hobson et al., 1993), presumably 

because animals catabolize their own body proteins, producing isotopic enrichment analogous to 

that of ingested food (Gannes et al., 1998).  

Trophic levels in aquatic organisms 

A correct description of the trophic relationships in an ecosystem is of critical importance for 

many ecological studies, especially for studies focusing on the bioaccumulation of contaminants, 

such as Hg, in top predators. A broad definition for “trophic level” of an organism is the position 

that it occupies in a food chain, although the assumption of a single linear chain is very simplified 

(Polis and Strong, 1996). Because N isotope ratios become enriched at successive trophic levels, 

it is possible to estimate an individual trophic position. However, obtaining the isotopic baseline 

required to estimate a trophic position for an organism is one of the most difficult problems (Post 

et al., 2000b). The simplest formula for calculating the trophic position of an organism is: 

3)  Trophic position = λ + (δ
15

Norganism – δ
 15

Nbase of the food web)/3.4 

where λ is the trophic position of the organism used to estimate δ
 15

Nbase of the food web (being λ=1 for 

primary producers and λ=2 for primary consumers), δ
15

Norganism is the direct isotopic measure and 

3.4 is the average enrichment of δ
15

N per trophic level (Post, 2002). 

However, organisms acquire N from more than one food web. As mentioned previously, 

fish feed on both littoral and pelagic food webs and obtain their δ
13

C signatures from two major 

sources with distinct isotopic signatures, and it is possible to determine the fraction of littoral and 

pelagic energy contribution (Karlsson and Byström, 2005). Therefore, consumer organisms also 

acquire their δ
15

N signatures from more than one food web (Post et al., 2000b; Vander Zanden 

and Vadeboncoeur, 2002) and the simplest formula for calculating the trophic position (eq. 4) can 

be reformulated to a more accurate two-source food web model: 

4)  Trophic position = λ + (δ
15

Norganism - [δ
 15

Npelagic·α + δ
 15

Nlittoral·(1-α)])/3.4 
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where α is the proportion of C in an organism that is derived from the base of the pelagic food 

web: α = (δ
13

Cfish – δ
13

Clittoral)/( δ
13

Cpelagic – δ
13

Clittoral). 

Aquatic food web dynamics 

The early approaches to trophic structures were very simple linear food chains with discrete 

levels such as “plant-herbivore-predator”, in which the species at lower trophic levels tend to be 

more abundant than those at higher trophic levels (Elton, 1927). This classic food chain concept 

has been replaced by a more realistic concept: the food web. Food webs are a complex network 

of interactions among species within an ecosystem, and can be strongly influenced by the 

behavior and movement of predators, energy and nutrients across boundaries (Post et al., 2000a). 

An example of a simplified freshwater food chain and a food web in a lake are outlined in Fig. 3. 

 

 

Fig. 3 Simplified food webs in a lake. (a) Simple littoral food chain with four trophic levels. (b) 

Food web in which primary production and allochthonous matter are both potential energy 

inputs. (Source: Soto et al., 2013). 

 

The classic food chain theory considered the pelagic food webs in lakes as simple food 

chains based on phytoplankton production, and were often modeled as simple linear food chains 

with either three or four trophic levels (Hairston and Hairston, 1993). This view has been 

questioned by the recognition of multi-chain omnivory (Vander Zanden and Vadeboncoeur, 
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2002; Karlsson and Säwström, 2009).  It has been documented that omnivory is more the rule 

than the exception because most consumer species feed at different sources in natural freshwater 

systems (Soto Arrojo, 2011). 

Vander Zanden and Vadeboncoeur (2002) concluded that the duality of pelagic and 

benthic production pathways in lakes, linked by mobile consumers such as fish, is an important 

pattern for the understanding of food web dynamics in lakes. Therefore, it is considered that fish 

derive energy opportunistically from both habitats (Post et al., 2000a).  

The ecological importance of terrestrial organic matter to lake food webs has become an 

important subject. It is of special importance in boreal humic lakes where much of the organic 

matter is derived from the catchments (allochthonous production) and where autochthonous 

production is limited due to the restriction of light penetration (Meili et al., 1996; Grey et al., 

2001). However, autochthonous organic matter is also crucial for the growth of higher consumers 

in lakes and cannot be fully replaced by allochthonous resources (Karlsson et al., 2012) (Fig. 3b). 

It has been demonstrated that terrestrial organic matter constitutes an important source of 

C and energy for pelagic organisms (Carpenter et al., 2005; Karlsson et al., 2012). The isotopic 

composition of zooplankton has been shown to have a significant contribution from both 

allochthonous and autochthonous C sources (Karlsson et al., 2003).  Thus, zooplankton should 

not be considered as a single trophic functional group, since each species of zooplankton behaves 

differently and assimilates C in different proportions from littoral or pelagic sources (Grey et al., 

2001). 

In summary, two complex trophic concepts, such as the incorporation of omnivory and 

the allochthonous inputs, are essential for the understanding of the dynamics of aquatic food 

webs (Soto Arrojo, 2011).  

1.5 Mercury in aquatic biota 

Hg remains a significant global problem and a human health issue. Bioaccumulation of Hg in fish 

has been more intensively studied than in other aquatic organisms, probably due to fish being a 

primary source of food and the dominant route of exposure to MeHg for both humans and 

piscivorous wildlife. Although in the water phase MeHg represents only 3–5 % (interquartile 

range) of the THg in boreal lakes in South-East Norway (Braaten et al., 2013), more than 95 % is 
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in the methylated form in fish muscle tissue and directly obtained from the diet (Bloom, 1992; 

Huckabee et al., 1979). MeHg is effectively and readily taken up by biota and it biomagnifies 

through the food web, from microorganisms like plankton, benthic invertebrates, to small fish, 

piscivorous fish, fish-eating birds and mammals, including humans. In lakes, the relative 

bioaccumulation depends on the lake chemistry and processes which govern the speciation of 

Hg
2+

 and MeHg (Mason et al., 1995). 

MeHg has the tendency to bind to sulfhydryl groups (-SH) associated to protein and 

amino acids such as cysteine (Harris et al., 2003), which plays an important role in the transport 

of Hg in the body. It is likely the reason why the highest MeHg concentrations are found in 

muscle tissues, although it alone cannot account for it. Other tissues such as liver, kidney or 

spleen are also shown to accumulate Hg (Giblin and Massaro, 1973), however, they contain a 

lower percentage of MeHg than muscle tissue likely due to the higher proportion of fat. Muscle is 

the most often sampled tissue due to its higher content in proteins, but also because it is the most 

commonly consumed part of the fish.  

MeHg biomagnifies in food webs due to its excretion being much slower (3-fold) than 

that for Hg
2+

 and its assimilation efficiency being 5 to 10-fold higher. In addition, excretion rates 

are slower in larger animals and at colder water temperatures (Trudel and Rasmussen, 1997). 

Bioconcentration factors in the order of 10
4
 to 10

7
 have been reported in the step between water 

and algae/seston (Ullrich et el., 2001; Stein et al., 1996; Watras et al., 1998). However, the 

transfer of MeHg from the aquatic environment to the biota at the base of the food web is still not 

well understood, but it is mediated by methanogens and sulfate- and iron-reducing bacteria 

(Benoit et al., 2001; Kerin et al., 2006; Hamelin et al., 2011). 

Ecosystems with high methylation rates of inorganic Hg
2+

 generally have fish with 

elevated concentrations of Hg as it greatly increases the Hg availability for incorporation into the 

food web (Wiener et al., 2003). The accumulation of Hg in an organism is affected by 

bioavailability and by the organism’s bioenergetics (Kidd et al., 2011). Different factors in fish 

biology affect the Hg bioaccumulation rates, such as species, size, age or diet. Generally, Hg 

concentrations in fish increase with increasing age and body size (length and weight), which is 

likely the result of a slow rate of MeHg elimination relative to the fast rate of uptake (Bodalay et 

al., 1993; Trudel and Rasmussen, 1997; Gilmour and Riedel, 2000). Hg concentration in fish also 
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increases with trophic position, estimated using stable isotopes of N (McIntyre and Beauchamp, 

2007; Garcia and Carignan, 2005; Cabana et al., 1994; Vander Zanden and Rasmussen, 1996). 

This shows the importance of understanding the food web structures and bioenergetics in aquatic 

ecosystems. 

Fish growth rate has been shown to modulate Hg concentrations (Simoneau et al., 2005). 

Rapid growth rates are hypothesized to decrease the mass-specific MeHg concentration in fish 

and other aquatic organisms by a process called somatic growth dilution (SGD). The process of 

biodilution occurs when the growth rate of the fish exceeds the bioaccumulation rates, leading to 

reduced mass-specific Hg concentrations (Stafford et al., 2004; Karimi et al., 2007; Sharma et al., 

2008). In other words, fish with low activity costs are expected to contain lower levels of Hg in 

their muscle tissue (Trudel and Rasmussen, 2006). Conversely, the opposite process occurs 

during the winter period, with slow fish growth and higher Hg concentrations. During this 

starvation period fish catabolize their own muscle tissue to use as energy, reducing the body mass 

faster than the bound MeHg, with the subsequent increase of the overall Hg concentration in the 

fish muscle (Cizdziel et al., 2002). Presumably, these two processes, growth dilution and 

starvation-concentration, are the main explanation for the seasonal variations of Hg in many 

lakes.  

Fish size is a factor that can easily vary among sampling periods, therefore seasonal 

changes in Hg concentrations in aquatic ecosystems have been investigated in many studies 

aiming to describe seasonal patterns in freshwater food webs (Farkas et al., 2003; Gorski et al., 

1999; Meili and Wills, 1985; Murphy et al., 2007; Park and Curtis, 1997; Slotton et al., 1995; 

Staveland et al., 1993; Ward and Neumann, 1999; Zhang et al., 2012). However, some studies 

record no seasonal changes in Hg concentrations in fish muscle tissue (Burger et al., 2009; Farkas 

et al., 2000; Foster et al., 2000). Consequently, since Hg concentrations in specific fish tissue 

may vary over time, the relative influence of factors such as environmental fluctuations (pH, 

temperature, dissolved organic carbon, nutrient availability) and changes in fish physiology 

should be taken into account when investigating Hg concentrations in fish (MassDEP, 2006). 

Even though Hg emissions have declined in the past decades (Pacyna et al., 2006; 

Wängberg et al., 2007), recent reports from Scandinavia (Åkerblom and Johanson, 2008; Fjeld 

and Rognerud, 2009) showed an unexpected increase of the Hg content in fish. Several 
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explanations have been suggested, such as climate change, with warmer and wetter climate, 

longer growing seasons, or forestry practices. Hongve et al. (2012) suggested that the substantial 

decrease of acid rain pollution in Norway during the last decades has enhanced the Hg 

concentrations in fish. One of the effects of reduced acid rain is increased dissolved organic 

carbon (DOC) in runoff to lake waters (Monteith et al., 2007). This will lead to enhanced Hg 

transport from the catchments to surface waters and, in combination with the increase in DOC, 

increased in-lake Hg methylation may occur, subsequently causing elevated Hg concentrations in 

fish (Hongve et al., 2012).  

In addition, concentrations of Hg in one fish species can vary considerably from lake to 

lake due to among-system differences in water chemistry, and watershed characteristics (Chen et 

al., 2005). Hg concentrations also vary within and among regions. Limnological variables such as 

lake pH (Brown et al., 2010), DOC concentration (Driscoll et al., 1995), water color (Nilsson and 

Håkanson, 1992), nutrient availability (Foe and Louie, 2014), and alkalinity (Spry and Wiener, 

1991) have been shown to correlate with fish Hg concentrations. Hg levels in fish have been 

shown in experimental studies to respond directly and rapidly to a change in the Hg inputs from 

atmospheric deposition (Harris et al., 2007). 

Based on the guideline levels established by Codex Alimentarius Comission (Joint 

FAO/WHO food standard programme) in 1991, the European consumption limit for Hg in fish 

muscle tissue is 0.5 mg Hg/kg (0.5 ppm), except for certain larger predatory species (pike) having 

a consumption limit of 1.0 mg Hg/kg (1 ppm). 

 

1.6 Wildfires and aquatic ecosystems 

Forest disturbances, and especially forest fires, strongly influence the Hg cycle. Forest fires are a 

major source of Hg as the accumulated Hg in the forests is released to the atmosphere. Emissions 

from forest fires have been shown to correspond to high percentages of the anthropogenic 

emissions (Wiedinmyer and Friedli, 2007). Hg is not only present in the forest soils but also on 

the forest canopy, accumulating in the foliage due to a high adsorption surface. It concentrates in 

the most vulnerable parts for combustion during a fire such as leaves and needles, small branches, 

bark, mosses and lichens, and, predominantly organic soil (Wiedinmyer and Friedly, 2007; 

Turetsky et al., 2006; Friedly et al., 2007). 
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The type of catchment plays an important role, since for example Hg stocks are greater in 

boreal peatland soils than in forested soils (Turetsky et al., 2006). In the watersheds, the Hg 

associates with the organic matter, so perturbations such as fires or clear-cut logging, may alter 

Hg export rates to lakes and influence in-lake processes. 

Forest ecosystems contain high amounts of nutrients and Hg equivalent to many years of 

deposition. Forest fires cause the release of elemental Hg (Hg
0
) to the atmosphere, by the process 

of volatilization, from soils as well as from living and dead vegetation (Navrátil, 2009). Wildfires 

alter the soil and vegetation within the burned area affecting nutrient transport (Miesel et al., 

2012) which may produce a nutrient pulse in lakes, stimulate the bacterial production, and 

therefore, influence the formation and availability of MeHg to the biota.  

The results from a study by Kelly et al. (2006) demonstrated that forest fires can cause 

increased Hg accumulation in the biota from partially burned catchments. The reasons for such 

conclusions were food web restructuration due to enhanced productivity and increased Hg inputs 

and MeHg production. On the other hand, Garcia and Carignan (2000) did not document any 

significant fire effects on the Hg accumulation in fish, while Allen et al. (2005) documented a 

decrease in fish Hg concentrations attributing it to increased inputs of nutrients with a subsequent 

increase of lake productivity. 

The water quality of the lakes within a wildfire area may also be directly affected. The 

combustion remains which are left in the wildfire area are rich in base cations, phosphate, 

chlorides, heavy metals (Eriksson et al., 2003; Kelly et al., 2006) and pyrolytic polycyclic 

aromatic hydrocarbons (Finkelstein et al., 2005). With the increase of runoff after fire (Schindler 

et al., 1980; Bayley et al., 1992b) there is an enhanced wash-off of materials into streams and 

lakes. Many studies have documented increases in major base cations, strong acid anions, 

ammonia, total N and total P in surface water from many wildfire studies (Schindler et al., 1980; 

Lamontagne et al., 2000; Carignan et al., 2000; Bayley et al., 1992a,b; Eriksson et al., 2003). It 

has also been reported a decrease in pH and acid neutralizing capacity (Bayley et al., 1992b; 

Eriksson et al., 2003). 

Stable isotope fractionation also occurs during forest fires since all biogeochemical 

processes undergo some degree of kinetic isotope fractionation. The δ
15

N and δ
13

C signatures in 

the aquatic biota from wildfire affected watersheds have been shown to be influenced by 
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wildfires. Silins et al. (2014) reported an enrichment in both δ
15

N and 
13

C signatures of 

macroinvertebrates in a Canadian lake; while Spencer et al. (2003) found δ
15

N enrichment but 


13

C depletion in both macroinvertebrates and fish, reporting clear evidence that wildfires can 

significantly influence the energy pathways of aquatic food webs. It has been suggested that a 

shift from allochthonous to autochthonous energy sources might explain these enrichments, as 

France (1995c) reported that autochthonous food sources had more enriched 
15

N signatures than 

terrestrial allochthonous sources. On the other hand, the high overlap in 
13

C signatures between 

allochthonous and autochthonous matter makes it more difficult to assess dietary shifts in 

consumer organisms (France, 1997). 
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2. OBJECTIVES 

The overall purpose of the thesis was to investigate the Hg levels in fish muscle tissue from 

different aquatic ecosystems in southern Norway, in both natural and wildfire impacted lakes. 

The main objectives of this thesis can be summarized as: 

-  The description of a food web from a relatively big southern Norwegian lake, focusing 

on feeding habitats and trophic positions (by use of carbon and nitrogen stable isotopes, δ
13

C and 

δ
15

N) for different fish species, as well as the Hg fluctuations due to variations in parameters such 

as age, length, weight, habitat use or trophic levels (Paper I). 

-  The determination of seasonal variations in the Hg concentrations in fish muscle from 

three different species in a lake in southern Norway, with focus on finding the stronger 

explanatory factors for such fluctuations (Paper II). 

-  The investigation of the effects of a wildfire on aquatic ecosystems, focusing on Hg 

levels in the freshwater and throughout the food chain. Differences between years of post-fire Hg 

concentrations in perch are assessed. Variations of major chemical compounds in lakes from the 

wildfire affected catchment area are studied during a period of four years (Paper III and IV). 
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3. RESULTS AND DISCUSSION  

There are a number of factors known to influence the Hg concentrations in fish muscle tissue. 

The results from this investigation provide an overview of the Hg levels in fish from two 

relatively large lakes in Telemark county (papers I and II) and in nine smaller lakes in Mykland, a 

wildfire impacted area (paper III), in southern Norway. Many physical and chemical 

characteristics of the aquatic ecosystem (paper IV) as well as biological factors may influence the 

fish Hg concentrations. These factors may mislead the interpretation of the results if not taken 

into account and may point to erroneous conclusions.  

The results showed that the highest Hg concentrations were found in piscivore species 

such as northern pike (Esox lucius, 2.50 ppm ww) or large brown trout (Salmo trutta, 1.95 ppm 

ww), while the lowest Hg concentrations were found in a small crucian carp (Carassius 

carassius, 0.028 ppm ww) and a whitefish (Coregonus lavaretus, 0.040 ppm ww). Older and 

larger piscivorous fish species tend to accumulate more Hg as they age, likely as a result of the 

slow rate of MeHg excretion relative to the fast rate of uptake (Bodaly et al., 1993; Trudel and 

Rasmussen, 1997; Gilmour and Riedel, 2000). Differences of almost two orders of magnitude 

(0.028 – 2.50 mg Hg kg
-1

) were observed in the Hg concentrations in the investigated fish, 

therefore showing the importance of controlling for confounding factors such as age, fish size and 

trophic position when interpreting Hg concentrations, in order to avoid incorrect conclusions. In 

our studies, we used statistical analysis of covariance to control for the potential effects on Hg of 

length, body mass, age or δ
15

N signatures of the fish. 

Trophic dynamics including community structure and feeding habits (δ
15

N and δ
13

C) or 

environmental factors (watershed disturbance or seasonal fluctuations) play important roles in the 

bioaccumulation of Hg in aquatic ecosystems and are discussed next.  

3.1 Seasonal fluctuations of Hg concentration in fish 

The main source of Hg in fish is their diet. As a result, seasonal changes in diet composition can 

have an important influence on the fish Hg concentrations. Additionally, Hg levels are influenced 

by fish size (Gilmour and Riedel, 2000), a factor that can readily fluctuate between sampling 

periods. Our data confirmed seasonal variations in fish Hg concentrations from Lake Heddalsvatn 
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accounting for confounding factors such as fish length or age (paper II: Table 3), but the causes 

may vary depending on fish species.  

The cold and dark environment during winter periods in boreal areas, normally with ice 

covered lakes, implies minor biological production at all ecosystem levels. Thus, many fish show 

a decline in the feeding activity during winter (Greenfield et al., 2005) and a degree of starvation 

likely appears. On the other hand, during the fish growth season the feeding activity, growth rate 

and growth efficiency are at their highest (Lindqvist et al., 1991) and therefore, the body mass 

increases rapidly (Talbot, 1993). Due to these processes, seasonal variations are expected in fish 

Hg concentrations and δ
15

N signatures. 

Generally, the highest Hg concentrations in fish muscle tissue (adjusted for covariates) of 

pike and whitefish were observed during the winter time in Lake Heddalsvatn (paper II). One of 

the main biological mechanisms described to influence fish Hg concentrations is somatic growth 

dilution (Verta, 1990; Ward et al., 2010; Lepak et al., 2012). Fast growing fish assimilate more 

biomass relative to the incorporation of Hg than slow grower fish, thus diluting the Hg by the 

extra body mass. The perch individuals showed an increase in mass throughout the summer (from 

May to September) with a subsequent decrease of Hg concentration in muscle tissue, being 

somatic growth dilution the most likely explanation, as also shown in other investigations 

(Stafford et al., 2004; Meili, 1991). The seasonal changes of Hg in pike could not be explained by 

growth dilution, since there was no measurable growth from May to September. An explanation 

might be the single capture site within a restricted area of the lake, which may have biased the 

results. The whitefish individuals had very low Hg concentrations in all three seasons, likely 

explained by the feeding habits on benthos and zooplankton. Despite so, seasonal variations were 

found, but as the sampled individuals did not show measurable growth from May to September, it 

cannot be explained by growth dilution. 

3.2 Hg biomagnification in aquatic food webs (δ15N) 

The trophic magnification slope (TMS), i.e. the slope of the simple linear regression between 

log10-transformed Hg and measured-δ
15

N in biota, is often used as a measure of the 

biomagnifying potential of Hg in the aquatic food web and was calculated for all investigated 

lakes in this thesis. Additionally, the trophic magnification factor (TMF = 10
3.4*TMS

) represents 
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the increase of Hg concentration per trophic level. A recent report by Lavoie et al. (2013) 

throughout different regions and ecosystems worldwide, showed TMS mean values of temperate 

freshwater lakes of 0.16 ± 0.10 (n = 65) for THg and 0.24 ± 0.07 (n = 78)  for MeHg. Our result 

for THg from Lake Norsjø (paper I) was almost identical to the TMS by Lavoie et al. (2013), 

while the TMS values from the other study lakes were slightly higher (Table 5). The higher TMS 

values based on THg in the smaller lakes were comparable to the TMS values for MeHg by 

Lavoie et al. (2013). This agrees well with the fact that more than 95% of the Hg in fish muscle is 

in the methylated form (Bloom, 1992; Huckabee et al., 1979). In addition, many biogeochemical 

factors in the lakes and watersheds might explain differences in Hg and TMS between lakes. 

Different TMS values between food webs are most likely regulated by the Hg availability at the 

base of the food web (Stewart et al., 2008). Thus, the intercept value of the regression might be 

an important factor. The higher intercept values were found in Lake Hundsvatn and Lake Øyvatn, 

indicating higher Hg levels at the bottom of the food web, and the fact that that the highest 

intercepts occurred 2 years after the fire (paper III: table 4), might indicate a wildfire effect.  

Table 5 Trophic magnification slopes (TMS ± standard deviation), trophic magnification factor 

(TMF), intercept, coefficient of determination (r
2
) and p-values based on wet weight THg 

concentration for the lakes included in this investigation. 

LAKE TMS TMF Intercept r
2
 p 

Norsjø 0.16 ± 0.017 3.58 -2.45 0.45 0.000 

Heddalsvatn 0.19 ± 0.018 4.29 -2.25 0.28 0.000 

Hundsvatn
*
 0.22 ± 0.014 5.60 -1.96 0.83 0.000 

Øyvatn
*
 0.22 ± 0.013 5.60 -1.89 0.81 0.000 

Melestjenn
*
 0.25 ± 0.020 7.08 -2.24 0.78 0.000 

* 
Including fish and invertebrates. 

Also, other ecosystem characteristics and processes within the food web might influence 

the TMS values (Borgå et al., 2012) and thus potential explanatory factors for the various TMS 

values found in our lakes (paper III). Lavoie et al. (2013) showed that both THg and MeHg 

concentrations in biota were positively correlated to latitude, with higher bioaccumulation 

potential in polar sites than tropical sites. Different physico-chemical factors may explain these 
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trends, such as processes related to temperature, DOC concentrations or pH. These factors are 

discussed below. 

The regressions between log10Hg and δ
15

N in biota are also strongly influenced by the 

number of trophic levels included in the samples. Thus Borgå et al. (2012) recommended at least 

3 trophic levels to be included in such estimates. Assuming a δ
15

N enrichment of 3.4 ‰ per 

trophic level (Minagawa and Wada, 1984; Post, 2002), fish individuals caught in Lake Norsjø 

covered 2.5 trophic levels and fish from Lake Heddalsvatn covered 2.4 trophic levels, while Lake 

Hundsvatn, Lake Øyvatn and Lake Melestjenn covered 3.0, 2.6 and 2.7 trophic levels, 

respectively.  

In northern latitudes, such as boreal and sub-arctic areas, peatlands occupy 15% of the 

region and contain approximately one third of the world’s soil C pool, which in turn supply most 

of the DOC entering boreal lakes (Gorham, 1991; Bridgham et al., 2001; Pastor et al., 2003; 

Wieder et al., 2006). Lavoie et al. (2013) found a positive relationship between TMS values and 

DOC. Our results follow a similar trend as Lake Melestjenn had the highest TMS and TOC 

concentration, compared to Lake Norsjø with the lowest TMS and TOC concentration. However, 

contradictory results regarding DOC and Hg concentrations have been found in other studies 

(Rolfhus et al., 2011; Dittman and Driscoll, 2009).  

It is well established that Hg has a strong affinity for organic matter and in freshwaters 

more than 90% of Hg has been estimated to be complexed by organic matter (Meili, 1997). DOC 

influences production, transport and uptake of MeHg by different processes, which in sum might 

result in both positive and negative effects on Hg in biota (Watras et al., 1995). On the one hand, 

DOC competitively binds Hg species relative to particles at elevated DOC concentrations and it 

also strongly binds Hg
2+

 and/or MeHg
+
 immobilizing Hg for biological uptake (Gerbig et al., 

2011). On the other hand, DOC has also been shown as a mechanism for increased solubilization 

from particles, leading to the possible increase in bioavailability of inorganic Hg for methylating 

organisms (Hall et al., 2008). DOC as an organic C source, stimulates microbial activity, 

including Hg-methylators, and decreases the photo-demethylation rates (Wiener et al., 2006). 

Thus, DOC plays a complex role in the biogeochemistry of Hg and it is therefore a complex 

predictor of Hg levels in aquatic organisms. 
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Variations in lake water pH can also explain variations in TMS values, even though 

Lavoie et al. (2013) could not find a relationship, likely due to an incomplete data set. However, a 

link between high Hg concentrations in fish and lake acidification has been observed before 

(Grieb et al., 1990; Wiener et al., 1990, 2006). Kelly et al. (2003) suggest that lake acidification 

should be considered as one of the contributing factors to high fish Hg concentrations in soft 

water lakes. Several mechanisms can explain the negative relation between Hg levels in fish and 

lake pH. There are higher methylation rates (Xun et al., 1987) and greater Hg
2+

 uptake by the 

methylating bacteria at lower pH (Kelly et al., 2003). Lower pH also reduced the amounts of 

negatively charged sites with direct effects on DOC-Hg interactions, making Hg
2+

 more available 

to bacteria and in turn, increasing methylation rates (Miskimmin et al., 1992). Also, a higher 

dominance of Hg-methylating microorganisms at lower pH might be another factor (Winch et al., 

2008). Our results do not show a clear trend between lake pH and TMS values, but a multiple 

lake study in south-eastern Norway by Fjeld and Rognerud (2009), in relatively acidic lakes (pH: 

5.2 – 6.5) with high TOC content (5 – 15 mg C L
-1

) exhibited very similar TMS values (median 

TMS = 0.22) to that observed in our small, boreal lakes in the wildfire area in southern Norway 

(paper III).  

Water temperature is another important factor for Hg biomagnification in aquatic systems 

(Lavoie et al., 2013). At lower temperatures, as in high latitude regions, fish growth rates are 

slower (Handeland et al., 2008) leading to slower elimination rates of MeHg (Trudel and 

Rasmussen, 1997), therefore increasing the Hg biomagnification potential. Additionally, Lavoie 

et al. (2013) hypothesized that the simpler food webs and low species diversity in high latitude 

regions (Hillebrand, 2004) might lead to increased Hg bioaccumulation due to lower prey 

diversity for a given consumer, potentially increasing the efficiency of Hg transfer along the food 

web. 

3.3 Stable isotope analyses 

Stable isotope fractionation does occur in more or less degree in all biogeochemical processes. In 

our studies, assimilation of inorganic C in primary producers, energy assimilation along the food 

web, starvation (paper II) and watershed disturbances such as wildfires (paper III), are all isotope 

fractionation processes. 
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In paper II we have studied seasonal variations in 
15

N and Hg in order to reveal potential 

growth dilution (Verta, 1990; Ward et al., 2010; Lepak et al., 2012) or starvation effects (Cizdziel 

et al., 2002) on these variables. The δ
15

N signatures from fish sampled in May and December 

were significantly higher compared with September. These seasonal variations in the δ
15

N 

signatures in fish from our study were associated with fluctuations in mean body size. Moreover, 

after adjusting for length as covariate, the δ
15

N signatures for pike and whitefish were not 

significantly different between seasons, while for perch there was a small significant decrease 

(∆
15

N = -0.7‰) from May to September. Thus, our seasonal δ
15

N fluctuations are likely not an 

effect of starvation, although starvation is known to produce higher 
15

N in fish (Macko et al., 

1986; Gannes et al., 1998).  The main reason for this is the deamination and transamination 

(internal rearrangement of N) occurring during starvation, which means excretion of lighter N 

(more 
14

N enriched) with subsequent more enriched 
15

N left in the animal’s body (Macko et al., 

1986; Gannes et al., 1998). Accordingly this increase in 
15

N does not reflect any increase in 

trophic level. 

In paper III we have studied potential effects of wildfire on stable isotopes and Hg in 

biota. The two wildfire affected lakes, Lake Hundsvatn and Lake Øyvatn, had higher δ
15

N 

signatures in fish two years after the wildfire, adjusted for length and age covariates. Enrichment 

in δ
15

N signatures from aquatic organisms during post-fire periods has been documented and 

described earlier. Silins et al. (2014) proposed that the higher δ
15

N values could be linked to 

shifts in the ingested food items following the fire, a shift from allochthonous to more 

autochthonous energy sources at the macroinvertebrate level. Spencer et al. (2003) also 

speculated that a shift in the diet could explain this enrichment, or an increase in the assimilation 

of fine particulate organic matter. During a wildfire fractionation occurs in the soil inorganic N as 

pyrolysis causes a progressively more 
15

N-enriched soil while 
14

N is preferentially lost by 

volatilization. Because of these pyrolysis and/or volatilization processes happening in the soils 

during fires, Stephan (2007) argued that attributing more enriched δ
15

N signatures in aquatic 

organisms to a change in their food sources, from terrestrial to aquatic, is not totally correct, due 

to the changes that the terrestrial food’s δ
15

N signatures undergo during a fire. However, we 

might not exclude natural year-to-year variations as potential explanatory factors as well. The 

variations in the thermocline depths during the years might influence the redox potential, which 

in turn have direct effects on the ammonification and denitrification processes near the oxycline 



37 
 

and deeper in the hypolimnion, with direct effects on inorganic δ
15

N signatures in water and soil 

(Wada and Hattori, 1978; Macko et al., 1986) and thereby also on the δ
15

N signatures in biota. 

Saito et al. (2007) suggested that these fire-induced changes may be useful for tracing the 

fire effects on water quality and for monitoring the recovery of the aquatic ecosystems. However, 

stable isotope signatures may only be used as tracers if the fire impacts are larger than the already 

natural variability existing in the food webs. 

3.4 Horizontal food web structure (δ13C, energy source) and Hg in fish 

As mentioned before, almost all Hg in fish is directly derived from their diet. As the various 

primary-producer habitats do isotope fractionation of inorganic C in various degrees, and a 

minimal organic C fractionation up the food web, 
13

C measurements might be a useful tool to 

distinguish between different organic C sources (terrestrial, littoral, pelagic, profundal) in 

different food webs. The 
13

C signatures do not reflect the direct food consumption of aquatic 

organisms as fish, but give a time-integrated view of the individual’s diet.  

Large variations occurred in the relationship between δ
13

C and Hg in fish from our 

investigated lakes. In Lake Norsjø (paper I), the piscivore species (brown trout, pike and Arctic 

char) with the highest Hg concentrations exhibited the most intermediate δ
13

C signatures among 

all the studied species (Fig. 4). This means that their diets are supported by a mix of both pelagic 

and benthic resources, which in turn indicates that they strongly integrate across littoral and 

pelagic food chains and habitats. The remaining fish species showed lower Hg concentrations and 

while European smelt (most pelagic) and three-spined stickleback (most littoral) clustered at the 

outer edges of the pelagic-littoral gradient, whitefish had individuals from obligate benthic to 

obligate zooplanktonic diet. Similar to Lake Norsjø, the piscivorous pike and the opportunistic 

perch from Lake Heddalsvatn (paper II) exhibited the most intermediate δ
13

C signatures and the 

highest Hg concentrations, while whitefish showed the largest range in δ
13

C signatures. In the 

much smaller lakes from the wildfire affected area (paper III), with only perch and brown trout 

present, the δ
13

C signatures reflected a predominant littoral-derived diet, but as the terrestrial 


13

C signatures are very similar to the littoral signatures, it is impossible to distinguish between 

benthic- and terrestrial-derived organic C in these food webs. 
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Fig. 4 Measured δ13
C (‰) versus Hg concentrations (ppm ww) in several fish species from Lake 

Norsjø (top) and Lake Heddalsvatn (bottom). 
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Fish are mobile species usually integrating various food webs, thereby deriving their 

energy opportunistically from several habitats, primarily from littoral and pelagic habitats (Post et 

al., 2000a; Vander Zanden and Vadeboncoeur, 2002). However, their main limitation for habitat 

use will always be a balance between food availability and predator avoidance.  

Lindqvist et al. (1991) stated that both vertical (relative trophic position, δ
15

N) and 

horizontal (energy source, δ
13

C) food web structures are crucial factors for the Hg concentrations 

in fish. It has been hypothesized that fish feeding on pelagic-derived C sources often have high 

Hg concentrations (Gorski et al., 2003; Power et al., 2002). The study by Power et al. (2002) in a 

small shallow oligotrophic lake indicated that the fish Hg concentrations varied systematically 

with the C sources, showing an increase of Hg as the contribution from pelagic-derived C 

increased. Gorski et al. (2003) compared two similar small lakes and found that the lake with 

more pelagic-based food web exhibited higher Hg concentrations in large adult fish individuals. 

However, in Lake Norsjø and Lake Heddalsvatn, bigger and much deeper lakes, the highest Hg 

concentrations were found in piscivore species with intermediate δ
13

C signatures, i.e. species 

supported by a mixed diet of littoral and pelagic food webs.  

However, one should be careful about doing inter-lake comparisons of 
13

C and Hg levels 

in aquatic biota, as there are overlaps in 
13

C signatures between various organic C sources 

(France, 1997). This means that δ
13

C analyses should be supported by stomach analyses of prey 

animals, and the fact that the amount of C derived from pelagic and littoral sources is very 

dependent on lake size (Vander Zanden and Vadeboncoeur, 2002). Assuming littoral and pelagic-

derived C as the main energy sources in lakes, a simple two-source mixing model can estimate 

the contributions of the two sources in the diet of fish individuals (Vander Zanden and 

Vadeboncoeur, 2002). In paper I, we have applied such a model for Lake Norsjø, only based on 

stable isotope analyses in fish. By this model we can indirectly quantify the percentage 

contribution of food derived from littoral and pelagic habitats, termed the indirect zoobenthos 

reliance, for each species or at individual levels. The individual approach is probably the most 

realistic approach, as individuals within each fish species may prefer different habitats and/or 

diets, due to factors as ontogeny, or they might simply have different foraging behaviors, which 

may imply large variations in δ
15

N and δ
13

C within each fish species. Values of 
13

C in 

zoobenthos and zooplankton were used as end-members in this model, and based on the 
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measured 
13

C in individual fish, the zoobenthos/zooplankton ratio was estimated for each fish 

individual. These individual ratios were further used for individual baseline correction of 
15

N. 

By this model, the highest indirect zoobenthos reliance was found in perch (89 ± 14%) while the 

lowest was found in smelt (37 ± 7%). Among piscivore species, pike had the highest estimated 

zoobenthos reliance (65 ± 6%), followed by Arctic char (54 ± 5%) and brown trout (53 ± 

11%).This model indicated that there was a generally high zoobenthos reliance across most 

species in Lake Norsjø, a relationship that was somewhat unexpected as it is a large and deep 

lake (55.48 km
2
, mean depth: 87m). Vander Zanden and Vadeboncoeur (2002) clearly 

demonstrated the strong negative correlation between zoobenthivory and lake area. Despite the 

significant importance of pelagic communities to the overall ecosystem production in large lakes 

(Tilzer, 1990), substantial amounts of littoral-derived C are still produced and assimilated in local 

food webs, such as in the deep (0-20 m) Årnes Bay from Lake Norsjø. In the small lakes in the 

Mykland area, the fish δ
13

C signatures (-31.8 ‰ to -25.8 ‰) were very similar to those in the 

zoobenthos (-31.2 ‰ to -25.6 ‰) in all the study lakes, including wildfire impacted and reference 

lakes (paper III, figure 2). This is a strong evidence of predominant littoral-derived food webs in 

these lakes, and concurs well with the negative relationship between zoobenthos reliance and lake 

size described by Vander Zanden and Vadeboncoeur (2002).  

Additionally, the relatively depleted δ
13

C values presented in fish from the Mykland area, 

compared with periphytes-predominant littoral C lakes, indicates that allochthonous C might be 

an important C source in small, TOC rich boreal lakes. Moreover, in TOC rich systems with 

significant decomposition of organic C the respired CO2 produced is depleted in 
13

C (Rau, 1978, 

1980). This suggests that littoral produced C might be more δ
13

C depleted (due to algal uptake of 

respired CO2) in lakes with high TOC content than clear-water lakes, thus exhibiting a δ
13

C 

signature closer to terrestrial C sources. The overlap in C isotope ratios from terrestrial vegetation 

and littoral-derived organic C, makes it difficult to differentiate between aquatic (autochthonous) 

and watershed (allochthonous) food dependency (France, 1997). As many natural factors for 

variations in 
13

C exist, it is very difficult to distinguish effects of wildfire from natural 

variations.   
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3.5 Effects of wildfire on aquatic ecosystems 

The part of this study that focuses on Mykland, the wildfire impacted area, demonstrates that 

watershed disturbances, such as wildfires, can produce biological and physico-chemical 

responses in the lakes and aquatic communities (papers III and IV).  

Mykland is located in an area with slowly weatherable rocks and thin soil cover, has been 

heavily burdened by long-range air pollution transport for decades, and lakes and rivers have 

been strongly acidified, primarily by sulphuric acid (Høgberget, 2010). Therefore, the lakes are 

typically characterized by low pH, low ionic strength, low acid neutralizing capacity (ANC) and 

low concentrations of nutrients (Tot-P < 6-7 g L
-1

, NO3
-
 < 40g L

-1
, NH4

+
 < 5 g L

-1
), and 

moderately impacted by allochthonous organic C (TOC: 4-6 mg C L
-1

). 

The most extreme water chemical effects (paper IV) were documented during a strong 

rain event two months after the fire, in August 2008, when the soil water was again fully 

replenished, and significant runoff occurred. During the first post-fire rain events, strong acid 

anions (Cl
-
 and SO4

2-
) were mobilized faster from terrestrial to aquatic systems in comparison 

with base cations, thereby decreasing the ANC. For a lake with low pre-fire ANC values, as Lake 

Hundsvatn, a significant drop in ANC might occur (-80 eq L
-1

) and, accordingly, an increase in 

H
+
 and in toxic inorganic aluminium (Ali), potentially harmful to aquatic biota (Ali = 326 g L

-1
). 

Conversely, for a lake with higher pre-fire ANC values as Lake Øyvatn, the drop in ANC was 

smaller and harmless to aquatic biota. During the first post-fire year, the ANC values seem to be 

reestablished (paper IV: figures 3 and 4).  

There was a certain increase of nutrients (N and P) during the first extreme rain events; 

however, the concentrations were still relatively low, likely due to the fact that boreal forests are 

nutrient poor environments, particularly in N (Foster and Morrison, 1976; Gosz, 1981). There 

was a post-fire periodical increase in N-compounds during winter and snowmelt episodes, as 

documented in other studies (Carignan et al., 2000; Mast and Clow, 2008). In addition, the N-

uptake by vegetation has increased and, thus N-concentrations are close to background 

concentrations during growth season. As there are no comparable pre-fire tot-P measurements, 

we cannot quantify the immediate effects of the wildfire. 
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The decrease of TOC during the first post-fire year was followed by a gradual increase 

during the next years. Similar post-fire trends have been documented in other studies (McEachern 

et al., 2000; Carignan et al., 2000). The initial decrease might be related to the combustion of 

organic matter during the fire, while the subsequent increase in TOC the following years might 

be due to the new vegetation being re-established in the area. 

Chl-a levels increased during the first post-fire growth season, and gradually decreased 

during the next 4 years to close to pre-fire concentrations (paper III, figure 1). The high 

concentrations in lake Melestjenn during summer was caused by algae (80-90% of the volume 

was Botryococcus braunii and Gonyostomum semen) which are likely not important for 

consumers or even toxic (Rengefors et al., 2012; Chiang et al., 2004). 

In paper III, a water analysis survey was implemented in June 2012, four years after the 

wildfire, including analysis of THg and MeHg. The watershed characteristics are some of the 

most important factors that regulate the concentration and availability of THg and MeHg 

(Driscoll et al., 1995) and the lakes included in our study present very different characteristics 

(Paper IV: table 3). All lakes are relatively small (0.0091 – 0.89 km
2
) and shallow (2.5 – 15 m 

deep), but with relatively large variations in draining ratio (CA:LA from 1.4 to 335) and lake 

residence time (0.023 – 3.2 years).  

The concentrations of THg and MeHg ranged from 1.17 - 2.63 ng L
-1

 and from 0.053 - 

0.188 ng L
-1

, respectively (Paper III: table 3). A strong positive correlation between THg and 

MeHg with TOC was found, concurring with others (Driscoll et al., 1995, Eklöf et al., 2012, 

Braaten et al., 2014), as DOC is the main transport vector of Hg through the watershed (Grigal, 

2002) and more than 90% of Hg is estimated to be complexed by organic matter (Meili, 1997). 

The three reference lakes had the highest concentrations of TOC; two of them, Lake Svarttjenn 

and Lake Melestjenn are the lakes with the highest THg, MeHg and %MeHg (Paper III, table 3?). 

In addition, THg and MeHg concentrations were also strongly and positively correlated with 

variables demonstrated to correlate with TOC, such as color and Tot-P (Meili, 1992). 

Lake Svarttjenn and Lake Melestjenn (reference lakes) are the two smallest lakes from 

our study, with the strongest color values and the highest TOC and MeHg concentrations. In 

addition, TOC was negatively correlated with lake size, as documented in other studies (Braaten 

et al., 2014; Watras et al., 1995). Bodaly et al. (1993) suggested the size of a lake to be a 
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determining factor for Hg concentrations due to small lakes typically being warmer than larger 

lakes, and usually having higher rates of methylation in relation to demethylation. At the same 

time, most colored lakes are small, shallow lakes with large catchment areas (Rasmussen et al., 

1989). Lake Svarttjenn was the lake with the biggest catchment area, the largest wetland area and 

the smallest lake-to-catchment area ratio compared to the other lakes in the study. These factors 

likely affected the high concentrations of THg and MeHg found in the lake.  

Methylation is a primary microbial process by sulphate reducing bacteria (SRB) and iron 

reducing bacteria (IRB) and thus, factors affecting this process play an important role. A strong 

negative correlation between SO4
2-

 and TOC was found in our lakes and has also been 

documented before in streams and lakes (Evans et al., 2005; Borg and Sundbom, 2014). Since 

organic matter is a substrate for SRB, an increase in TOC can lead to higher bacterial activity and 

thus, a lower SO4
2-

concentration in lake water. Also, two reasons might explain the strong 

positive correlation found between Tot-Fe and MeHg. First, higher concentration of Fe may lead 

to higher methylations rates by IRB and thus, higher MeHg. Second, iron hydroxides play an 

important role in the aquatic Hg cycle due to their large surface area and capacity to adsorb Hg 

and release it after their dissolution under lower redox conditions (Ramalhosa et al., 2006; Ullrich 

et al., 2001). 

Forest wildfires alter the soil and vegetation, consequently affecting the nutrient transport 

to lakes (Miesel et al., 2012) and the amount of organic C storage (McEachern et al., 2000; 

Carignan et al., 2000). As the DOC transport from terrestrial to aquatic systems was initially 

reduced after the wildfire (paper IV), the immediate effect would imply decreased Hg input to 

lakes. However, as TOC in the wildfire affected lakes increased gradually after the first post-fire 

year, a gradual increase of Hg to lakes should also be expected, as DOC is the main vector of Hg 

transport through the watersheds (Grigal, 2002). Therefore, perch was used to reveal potential 

year differences (2008, 2010 and 2012) of Hg in biota, including two wildfire impacted lakes: 

Lake Hundsvatn and Lake Øyvatn; and a reference lake: Lake Melestjenn (paper III). 

The highest Hg concentrations in perch, adjusted for covariates, occurred in 2010, two 

years after the fire, but only statistically significant for Lake Øyvatn, not for Lake Hundsvatn. 

There was a decline in the adjusted Hg concentrations in 2012 compared with 2010, in both Lake 

Melestjenn and Lake Øyvatn. The fact that we do not have data for the reference lake during 
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2008 means that the high Hg concentrations found in 2010 cannot be directly considered an effect 

of the fire.  

In 2010 there was a deeper thermocline and bigger volume of epilimnion compared to 

2012. Small boreal lakes in this latitude are not permanent dimictic lakes and year-to-year 

variations occur; some years lake stratification might occur before the hypolimnion is fully 

oxygenated, thus affecting the redox conditions. Hg methylation is highest in anoxic waters 

(Ullrich et al., 2001) therefore, having a deeper thermocline (and oxycline) might likely affect the 

Hg content in fish.  

Moreover, as fires can increase the input of nutrients to lakes (Spencer et al., 2003), a 

subsequent increase in algal productivity might occur. Algal bloom dilution is a main biological 

mechanism (together with somatic growth dilution) that influences fish Hg concentrations. When 

algal biomass in a lake increases, the Hg is distributed among a larger biomass, in turn decreasing 

the Hg concentration per unit of mass, and thus causing a lower dietary intake of Hg (Pickhardt et 

al., 2002). However, the highest fish Hg concentrations found in 2010 coincide with the highest 

levels of tot-P and chl-a, thereby not reflecting this Hg dilution theory. On the other hand, higher 

chl-a might also suggest enhanced algal production and increased availability of labile organic 

matter, which in turn can stimulate microbial activity and the methylation processes (Foe and 

Louie, 2014). Furthermore, MeHg concentrations in algae are higher in DOC rich waters 

(Pickhardt et al., 2006). A positive correlation was found between aquatic MeHg and chl-a in the 

surface water of our lakes in 2012; this is an interesting observation as phytoplankton is the main 

Hg entry point to the food web and has the highest biomagnification factor (water phase to 

phytoplankton), thus Hg burden at this stage of the food web is crucial. 

Additionally, the higher THg concentrations found in the zooplankton from the wildfire 

impacted lakes (0.27 ± 0.03 ppm dw) than in the reference lakes (0.20 ± 0.07 ppm dw), four years 

after the fire, cannot be directly considered as an effect of the fire as these measurements were 

conducted four years after the fire, and the water chemical conditions were close to pre-fire levels 

(paper IV).  

The differences in years described for fish Hg concentrations coincide with the adjusted 

δ
15

N levels in fish, i.e. highest in all lakes in 2010. As this was also the case in the reference 

lakes, year-to-year variations might be a key factor.  
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Overall, several physico-chemical and biological factors might have impacted the Hg 

concentrations in fish during our study, making it difficult to draw strong conclusions regarding 

wildfire effects on fish Hg concentrations.  
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4. CONCLUSIONS 

Several factors are observed to affect the Hg concentrations in fish from our study. Analysis 

conducted to evaluate the variation in Hg concentrations regarding feeding habitats, seasonal 

fluctuations and potential wildfire effects in fish from fire impacted lakes showed that the Hg 

concentrations varied widely, both within and between fish species and study sites. The 

application of stable isotope analysis was used to estimate the relative contribution of food 

derived from littoral or pelagic habitats and to estimate the relative trophic position. 

A two-source (littoral and pelagic) mixing model at individual level in fish from Lake 

Norsjø confirmed that most species had generally high zoobenthos contribution in their diets. A 

baseline correction in the stable isotope signatures is implemented as fish species with distinct 

feeding modes can overlap or present large variations in δ
13

C and δ
15

N. The individuals with 

more intermediate δ
13

C signatures were the piscivore species (northern pike, brown trout and 

Arctic char) indicating that their diets are supported by both littoral and benthic C sources. This 

was a pattern also observed in Lake Heddalsvatn. Moreover, these species integrating across 

littoral and pelagic food chains and habitats had the highest Hg concentrations. 

Seasonal variations are documented in the Hg concentrations in fish. Generally higher Hg 

concentrations were found during winter time and during the month of May, disregarding 

confounding factors such as age or length. The interplay between low feeding rates during winter 

(starvation) and somatic growth dilution during the summer is the main reason explaining the 

fluctuations of Hg concentrations in fish in high latitude lakes. However, this was only true for 

perch as the sampled pike and whitefish individuals did not show measurable growth throughout 

the summer time. 

Trophic magnification slopes (TMS) were used to assess the potential biomagnification of 

Hg through the food web and were highest in small boreal TOC-rich lakes. The biomagnification 

slopes concurred with other studies and the values were affected by ecosystem characteristics and 

factors such as TOC levels, pH or temperature-related processes. The highest intercept values 

(estimates of Hg concentrations incorporated at the base of the food web) were observed in the 

small boreal lakes, with even higher levels two years after the wildfire occurred, indicating 

possible wildfire effects. 
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The wildfire occurred in an area characterized by thin topsoil and high precipitation rates. 

These thin organic soils are readily exposed to rain and fire and are prone to be washed out. 

Consequently, the most severe post-fire effects were observed during the initial hydrological 

post-fire episodes. During these events faster mobilization of anions as chloride and sulfate 

compared with base cations caused significant ANC decreases in the lakes. At the same time, a 

certain increase in nutrient (N and P) runoff was documented and a decrease of TOC due to 

combustion of organic matter during the fire. Main water chemistry was almost re-established 

one year after the wildfire and almost all parameters seem to be back to pre-fire conditions 4.5 

years after the wildfire. Besides the hydrological regime affecting the water chemistry, the 

catchment topography, lake morphometry (catchment-to-lake area ratios and residence times), 

geology, fire intensity or fraction of burnt catchment are also decisive factors for water chemistry 

variations both in time and space. 

From our analyses, an increase in the Hg concentrations from perch caught two years after 

the wildfire was apparent. The observed increased levels of nutrients and chl-a might be key 

factors to explain this Hg increment. However, natural year-to-year variations of physico-

chemical factors as the thermocline and the redox status of a lake are important factors that might 

influence the Hg concentrations in biota and makes it difficult to draw strong conclusions on 

wildfire effects. 

  



48 
 

5. REFERENCES 
 

Allen, E.W., Prepas, E.E., Gabos, S., Strachan, W.M.J., Zhang, W., 2005. Methyl mercury 

concentrations in macroinvertebrates and fish from burned and undisturbed lakes on the 

Boreal Plain. Canadian Journal of Fisheries and Aquatic Sciences 62, 1963-1977. 

AMAP, 2002. Arctic Pollution 2002. Persistent Organic Pollutants, Heavy Metals, Radioactivity, 

Human Health, Changing Pathways. Arctic Monitoring and Assessment Programme 

(AMAP), Oslo, Norway. 

AMAP, 2011. Arctic Pollution 2011. Arctic Monitoring and Assessment Programme (AMAP), 

Oslo, Norway. 

Barkay, T., Wagner-Dobler, I., 2005. Microbial transformations of mercury: potentials, 

challenges, and achievements in controlling mercury toxicity in the environment. Advances 

in applied microbiology 57, 1-52. 

Bayley, S.E., Schindler, D.W., Beaty, K.G., Parker, B.R., Stainton, M.P., 1992a. Effects of 

Multiple Fires on Nutrient Yields from Streams Draining Boreal Forest and Fen 

Watersheds: Nitrogen and Phosphorus. Canadian Journal of Fisheries and Aquatic Sciences 

49, 584-596. 

Bayley, S.E., Schindler, D.W., Parker, B.R., Stainton, M.P., Beaty, K.G., 1992b. Effects of forest 

fire and drought on acidity of a  base-poor boreal forest stream: similarities between 

climatic warming and acidic precipitation Biogeochemistry 17, 191-204. 

Benoit, J.M., Gilmour, C.C., Mason, R.P., 2001. Aspects of bioavailability of mercury for 

methylation in pure cultures of Desulfobulbus propionicus (1pr3). Applied and 

Environmental Microbiology 67, 51-58. 

Berg, T., Fjeld, E., Steinnes, E., 2006. Atmospheric mercury in Norway: contributions from 

different sources. Science of the Total Environment 368, 3-9. 

Bloom, N.S., 1992. On the Chemical Form of Mercury in Edible Fish and Marine Invertebrate 

Tissue. Canadian Journal of Fisheries and Aquatic Sciences 49, 1010-1017. 

Bodaly, R.A., Rudd, J.W.M., Fudge, R.J.P., Kelly, C.A., 1993. Mercury Concentrations in Fish 

Related to Size of Remote Canadian Shield Lakes. Canadian Journal of Fisheries and 

Aquatic Sciences 50, 980-987. 

Borg, H., Sundbom, M., 2014. Long-term trends of water chemistry in mountain streams in 

Sweden – slow recovery from acidification. Biogeosciences 11, 173-184. 

Borgå, K., Kidd, K.A., Muir, D.C., Berglund, O., Conder, J.M., Gobas, F.A., Kucklick, J., Malm, 

O., Powell, D.E., 2012. Trophic magnification factors: considerations of ecology, 

ecosystems, and study design. Integrated environmental assessment and management 8, 64-

84. 



49 
 

Boszke, L., Glosinska, G., Siepak, J., 2002. Some Aspects of Speciation of Mercury in a Water 

Environment. Polish Journal of Environmental Studies 11, 285-298. 

Braaten, H.F.V., de Wit, H.A., Fjeld, E., Rognerud, S., Lydersen, E., Larssen, T., 2014. 

Environmental factors influencing mercury speciation in Subarctic and Boreal lakes. 

Science of The Total Environment 476–477, 336-345. 

Branfireun, B.A., Hilbert, D., Roulet, N.T., 1998. Sinks and sources of methylmercury in a boreal 

catchment. Biogeochemistry 41, 277-291. 

Bridgham, S.D., Ping, C.-L., Richardson, J.L., Updegraff, K., 2001. Soils of Northern Peatlands: 

Histosols and Gelisols. in: Richardson, J.L.a.V., M.J. (Ed.). Wetland Soils: Genesis, 

Hydrology, Landscapes, and Classification. CRC Press. 

Brown, D., Goncharov, A., Paul, E., Simonin, H., Carpenter, D.O., 2010. The relationship 

between Adirondack lake pH and levels of mercury in yellow perch. Journal of Aquatic 

Animal Health 33, 280-290. 

Burger, J., Jeitner, C., Donio, M., Shukla, S., Gochfeld, M., 2009. Factors affecting mercury and 

selenium levels in New Jersey flatfish: low risk to human consumers. Journal of 

Toxicology and Environmental Health A 72, 853-860. 

Cabana, G., Rasmussen, J.B., 1996. Comparison of aquatic food chains using nitrogen isotopes. 

Proceeding of the National Academy of Sciences USA 93, 10844-10847. 

Cabana, G., Tremblay, A., Kalff, J., Rasmussen, J.B., 1994. Pelagic food chain structure in 

Ontario lakes: a determinant of mercury levels in lake trout (Salvelinus namaycush). 

Canadian Journal of Fisheries and Aquatic Sciences 51, 381-389. 

Calvert, J.G., Lindberg, S.E., 2005. Mechanisms of mercury removal by O3 and OH in the 

atmosphere. Atmospheric Environment 39, 3355-3367. 

Carignan, R., D’Arcy, P., Lamontagne, S., 2000. Comparative impacts of fire and forest 

harvesting on water quality in Boreal Shield lakes. Canadian Journal of Fisheries and 

Aquatic Sciences 57, 105-117. 

Carpenter, S.R., Cole, J.J., Pace, M.L., Van de Bogert, M., Bade, D.L., Bastviken, D., Gille, 

C.M., Hodgson, J.R., Kitchell, J.F., Kritzberg, E.S., 2005. Ecosystem subsidies: Terrestrial 

support of aquatic food webs from 
13

C addition to contrasting lakes. Ecology 86, 2737-

2750. 

Celo, V., Lean, D.R., Scott, S.L., 2006. Abiotic methylation of mercury in the aquatic 

environment. Science of The Total Environment 368, 126-137. 

Chen, C.Y., Stemberger, R.S., Kamman, N.C., Mayes, B.M., Folt, C.L., 2005. Patterns of Hg 

Bioaccumulation and Transfer in Aquatic Food Webs Across Multi-lake Studies in the 

Northeast US. Ecotoxicology 14, 135-147. 

Chiang, I.-Z., Huang, W.-Y., Wu, J.-T., 2004. Allelochemicals of Botryococcus braunii 

(Chlorophyceae). Journal of Phycology 40, 474-480. 



50 
 

Cizdziel, J.V., Hinners, T.A., Pollard, J.E., Heithmar, E.M., Cross, C.L., 2002. Mercury 

concentrations in fish from Lake Mead, USA, related to fish size, condition, trophic level, 

location, and consumption risk. Archives of Environmental Contamination and Toxicology 

43, 309-317. 

Clarkson, T.W., Magos, L., 2006. The toxicology of mercury and its chemical compounds. 

Critical Reviews in Toxicology 36, 609-662. 

Codex Alimentarius Comission, 1991. Guideline levels for methylmercury in fish CAC/GL 7-

1991. Codex Alimentarius Comission  (Joint FAO/WHO food standard programme) in its 

19
th

 session. Page 1. 

Coplen, T.B., 1994. Reporting of stable hydrogen, carbon, and oxygen isotopic abundances. Pure 

and Applied Chemistry 66, 273-276. 

Craig, H., 1953. The geochemistry of the stable carbon isotopes. Geochimica et Cosmochimica 

Acta 3, 53-92. 

DeNiro, M.J., Epstein, S., 1978. Influence of diet on the distribution of carbon isotopes in 

animals. Geochimica et Cosmochimica Acta 42, 495-506. 

DeNiro, M.J., Epstein, S., 1981. Influence of diet on the distribution of nitrogen isotopes in 

animals. Geochimica et Cosmochimica Acta 45, 341-351. 

Dittman, J., Driscoll, C., 2009. Factors influencing changes in mercury concentrations in lake 

water and yellow perch (Perca flavescens) in Adirondack lakes. Biogeochemistry 93, 179-

196. 

Driscoll, C.T., Blette, V., Yan, C., Schofield, C.L., Munson, R., Holsapple, J., 1995. The role of 

dissolved organic carbon in the chemistry and bioavailability of mercury in remote 

Adirondack lakes. Water, Air, and Soil Pollution 80, 499-508. 

Driscoll, C.T., Yan, C., Schofield, C.L., Munson, R., Holsapple, J., 1994. The mercury cycle and 

fish in the Adirondack lakes. Environmental Science and Technology 28, 136A-143A. 

Eklöf, K., Fölster, J., Sonesten, L., Bishop, K., 2012. Spatial and temporal variation of THg 

concentrations in run-off water from 19 boreal catchments, 2000–2010. Environmental 

Pollution 164, 102-109. 

Elsdon, T.S., Ayvazian, S., McMahon, K.W., Thorrold, S.R., 2010. Experimental evaluation of 

stable isotope fractionation in fish muscle and otoliths. Marine Ecology Progress Series 

408, 195-205. 

Elton, C.S., 1927. Animal ecology, New York. 

Engstrom, D.R., 2007. Fish respond when the mercury rises. Proceedings of the National 

Academy of Sciences 104, 16394-16395. 



51 
 

Eriksson, H., Edberg, F., Borg, H., 2003. Effects of forest fire and fire-fighting operations on 

water chemistry in Tyresta National Park, Stockholm, Sweden. Journal de Physique IV 

(Proceedings) 107, 427-430. 

Evans, C.D., Monteith, D.T., Cooper, D.M., 2005. Long-term increases in surface water 

dissolved organic carbon: observations, possible causes and environmental impacts. 

Environmental Pollution 137, 55-71. 

Farkas A, Salánki J, Varanka I, 2000. Heavy metal concentrations in fish of Lake Balaton. Lakes 

& Reservoirs: Research and Management 5, 271–279. 

Farkas, A., Salánki, J., Specziár, A., 2003. Age- and size-specific patterns oh heavy metals in the 

organs of freshwater fish Abramis brama L. populating a low-contaminated site. Water 

Research 37, 959-964. 

Finkelstein, D.B., Pratt, L.M., Curtin, T.M., Brassell, S.C., 2005. Wildfires and seasonal aridity 

recorded in Late Cretaceous strata from south-eastern Arizona, USA. Sedimentology 52, 

587-599. 

Fjeld, E., Rognerud, S., 2009. Miljøgifter i Ferskvannsfisk, 2008. Kvikksølv i abbor og organiske 

miljøgifter i ørret (Pollutants in freshwater fish, 2008. Mercury in perch and organic 

pollutants in brown trout) Report TA-2544/2009, 66 pp. Oslo, Norway.  

Foe, C., Louie, S., 2014. Appendix A: Importance of primary and secondary production in 

controlling fish tissue mercury concentrations. In: Statewide Mercury Control Program for 

Reservoirs. California Environmental Protection Agency, 36 pp. 

Foster, E.P., Drake, D.L., DiDomenico, G., 2000. Seasonal changes and tissue distribution of 

mercury in largemouth bass (Micropterus salmoides) from Dorena Reservoir, Oregon. 

Archives of Environmental Contamination and Toxicology 38, 78-82. 

Foster, N.W., Morrison, I.K., 1976. Distribution and Cycling of Nutrients in a Natural Pinus 

Banksiana Ecosystem. Ecology 57, 110-120. 

France, R.L., 1995a. Critical examination of stable isotope analysis as a means for tracing carbon 

pathways in stream ecosystems. Canadian Journal of Fisheries and Aquatic Sciences 52, 

651-656. 

France, R.L., 1995b. Differentiation between littoral and pelagic food webs in lakes using stable 

carbon isotopes. Limnology and Oceanography 40, 1310-1313. 

France, R.L., 1995c. Source variability in δ
15

N of autotrophs as a potential aid in measuring 

allochthony in freshwaters. Ecography 18, 318-320. 

France, R.L., 1997. Stable carbon and nitrogen isotopic evidence for ecotonal coupling between 

boreal forests and fishes. Ecology of Freshwater Fish 6, 78-83. 

Friedli, H.R., Radke, L.F., Payne, N.J., McRae, D.J., Lynham, T.J., Blake, T.W., 2007. Mercury 

in vegetation and organic soil at an upland boreal forest site in Prince Albert National Park, 

Saskatchewan, Canada. Journal of Geophysical Research: Biogeosciences 112, G01004. 



52 
 

Gannes, L.Z., Martínez del Rio, C., Koch, P., 1998. Natural Abundance Variations in Stable 

Isotopes and their Potential Uses in Animal Physiological Ecology. Comparative 

Physiology and Biochemistry 119A, 725-737. 

Garcia, E., Carignan, R., 2000. Mercury concentrations in northern pike (Esox lucius) from 

boreal lakes with logged, burned, or undisturbed catchments. Canadian Journal of Fisheries 

and Aquatic Sciences 57, 129-135. 

Garcia, E., Carignan, R., 2005. Mercury concentrations in fish from forest harvesting and fire-

impacted Canadian boreal lakes compared using stable isotopes of nitrogen. Environmental 

Toxicology and Chemistry 24, 685-693. 

Gerbig, C.A., Ryan, J.N., Aiken, G.R., 2011. The Effects of Dissolved Organic Matter on 

Mercury Biogeochemistry. Environmental Chemistry and Toxicology of Mercury. John 

Wiley & Sons, Inc., pp. 259-292. 

Giblin, F.J., Massaro, E.J., 1973. Pharmacodynamics of methyl mercury in the rainbow trout 

(Salmo gairdneri): Tissue uptake, distribution and excretion. Toxicology and Applied 

Pharmacology 24, 81-91. 

Gilmour, C.C., Riedel, G.S., 2000. A survey of size-specific mercury concentrations in game fish 

from Maryland fresh and estuarine waters. Arch Environ Contam Toxicol 39, 53-59. 

Gorham, E., 1991. Northern Peatlands: Role in the Carbon Cycle and Probable Responses to 

Climatic Warming. Ecological Applications 1, 182-195. 

Gorski, P., Cleckner, L., Hurley, J., Sierszen, M., Armstrong, D., 2003. Factors affecting 

enhanced mercury bioaccumulation in inland lakes of Isle Royale National Park, USA. 

Science of the Total Environment 304, 327-348. 

Gorski, P.R., Lathrop, R.C., Hill, S.D., Herrin, R.T., 1999. Temporal Mercury Dynamics and 

Diet Composition in the Mimic Shiner. Transactions of the American Fisheries Society 

128, 701-712. 

Gosz, J.R., 1981. Nitrogen cycling in coniferous systems. In: Clark, F.E. and Rosswall T.H. 

(Eds.) Nitrogen cycling in terrestrial ecosystems: processes, ecosystems strategies, and 

management implications. Ecological bulletins (Stockholm) 33, 415-426. 

Greenfield, B.K., Davis, J.A., Fairey, R., Roberts, C., Crane, D., Ichikawa, G., 2005. Seasonal, 

interannual, and long-term variation in sport fish contamination, San Francisco Bay. 

Science of the Total Environment 336, 25-43. 

Grey, J., Jones, R.I., Sleep, D., 2001. Seasonal changes in the importance of the source of organic 

matter to the diet of zooplankton in Loch Ness, as indicated by stable isotope analysis. 

Limnol. Oceanogr. 46, 505-513. 

Grieb, T.M., Bowie, G.L., Driscoll, C.T., Gloss, S.P., Schofield, C.L., Porcella, D.B., 1990. 

Factors affecting mercury accumulation in fish in the upper Michigan peninsula. 

Environmental Toxicology and Chemistry 9, 919-930. 



53 
 

Grigal, D.F., 2002. Inputs and outputs of mercury from terrestrial watersheds: a review. 

Environmental Reviews 10, 1-39. 

Grigal, D.F., Kolka, R.K., Fleck, J.A., Nater, E.A., 2000. Mercury budget of an upland-peatland 

watershed. Biogeochemistry 50, 95-109. 

Hairston, S.N.G., Hairston, J.N.G., 1993. Cause-effect relationships in energy flow, trophic 

structure, and interspecific interactions. The American Naturalist 142, 379-411. 

Hall, B.D., Aiken, G.R., Krabbenhoft, D.P., Marvin-Dipasquale, M., Swarzenski, C.M., 2008. 

Wetlands as principal zones of methylmercury production in southern Louisiana and the 

Gulf of Mexico region. Environmental Pollution 154, 124-134. 

Hamelin, S., Amyot, M., Barkay, T., Wang, Y., Planas, D., 2011. Methanogens: Principal 

Methylators of Mercury in Lake Periphyton. Environmental Science and Technology 45, 

7693-7700. 

Handeland, S.O., Imsland, A.K., Stefansson, S.O., 2008. The effect of temperature and fish size 

on growth, feed intake, food conversion efficiency and stomach evacuation rate of Atlantic 

salmon post-smolts. Aquaculture 283, 36-42. 

Harris, H.H., Pickering, I.J., George, G.N., 2003. The chemical form of mercury in fish. Science 

301, 1203. 

Harris, R.C., Rudd, J.W., Amyot, M., Babiarz, C.L., Beaty, K.G., Blanchfield, P.J., Bodaly, R.A., 

Branfireun, B.A., Gilmour, C.C., Graydon, J.A., Heyes, A., Hintelmann, H., Hurley, J.P., 

Kelly, C.A., Krabbenhoft, D.P., Lindberg, S.E., Mason, R.P., Paterson, M.J., Podemski, 

C.L., Robinson, A., Sandilands, K.A., Southworth, G.R., St Louis, V.L., Tate, M.T., 2007. 

Whole-ecosystem study shows rapid fish-mercury response to changes in mercury 

deposition. Proceedings of the National Academy of Science USA 104, 16586-16591. 

Hesslein, R.H., Hallard, K.A., Ramlal, P., 1993. Replacement of sulfur, carbon, and nitrogen in 

tissue of growing broad whitefish (Coregonus nasus) in response to a change in diet traced 

by δ
34

S, δ
13

C, and δ
15

N. Canadian Journal of Fisheries and Aquatic Sciences 50, 2071-

2076. 

Hillebrand, H., 2004. On the generality of the latitudinal diversity gradient. The American 

Naturalist 163, 192-211. 

Hobson, K.A., Alisauskas, R.T., Clark, R.G., 1993. Stable nitrogen isotope enrichment in avian 

tissues due to fasting and nutritional stress. The Condor 95, 388-394. 

Hongve, D., Haaland, S., Riise, G., Blakar, I., Norton, S., 2012. Decline of acid rain enhances 

mercury concentrations in fish. Environmental Science and Technology 46, 2490-2491. 

Huckabee, J.W., Elwood, J.W., Hildebrand, S.G., 1979. Accumulation of mercury in freshwater 

biota. In: Nriagu, J.O. (Ed.) Biogeochemistry of mercury in the environment. Elsevier/ 

North- Holland Biomedical Press, New York, pp. 277-302. 



54 
 

Hurley, J.P., Benoit, J.M., Babiarz, C.L., Shafer, M.M., Andren, A.W., Sullivan, J.R., Hammond, 

R., Webb, D.A., 1995. Influences of Watershed Characteristics on Mercury Levels in 

Wisconsin Rivers. Environmental Science and Technology 29, 1867-1875. 

Høgberget, R., 2010. Skogbrannen i Mykland 2008. Resultater etter to års oppfølging av 

kjemiske effekter i vann (The wildfire in Mykland 2008. Results after two years monitoring 

of chemical effects in lakes). NIVA-report 5979-2010, pp. 44. 

Iverfeldt, Å., 1991. Mercury in forest canopy throughfall water and its relation to atmospheric 

deposition Water, Air, and Soil Pollution 56, 553-564. 

Iverfeldt, Å., Lindqvist, O., 1986. Atmospheric oxidation of elemental mercury by ozone in the 

aqueous phase. Atmospheric Environment (1967) 20, 1567-1573. 

Karimi, R., Chen, C.Y., Pickhardt, P.C., Fisher, N.S., Folt, C.L., 2007. Stoichiometric controls of 

mercury dilution by growth. Proceedings of the National Academy of Sciences 104, 7477-

7482. 

Karlsson, J., Berggren, M., Ask, J., Byström, P., Jonsson, A., Laudon, H., Jansson, M., 2012. 

Terrestrial organic matter support of lake food webs: Evidence from lake metabolism and 

stable hydrogen isotopes of consumers. Limnology and Oceanography 57, 1042-1048. 

Karlsson, J., Byström, P., 2005. Littoral energy mobilization dominates energy supply for top 

consumers in subarctic lakes. Limnology and Oceanography 50, 538-543. 

Karlsson, J., Jonsson, A., Meili, M., Jansson, M., 2003. Control of zooplankton dependence on 

allochthonous organic carbon in humic and clear-water lakes in northern Sweden. 

Limnology and Oceanography 48, 269-276. 

Karlsson, J., Säwström, C., 2009. Benthic algae support zooplankton growth during winter in a 

clear-water lake. Oikos 118, 539-544. 

Kelly, C.A., Rudd, J.W.M., Holoka, M.H., 2003. Effect of pH on Mercury Uptake by an Aquatic 

Bacterium:  Implications for Hg Cycling. Environmental Science and Technology 37, 2941-

2946. 

Kelly, E.N., Schindler, D.W., St Louis, V.L., Donald, D.B., Vladicka, K.E., 2006. Forest fire 

increases mercury accumulation by fishes via food web restructuring and increased 

mercury inputs. Proceedings of the National Academy of Sciences USA 103, 19380-19385. 

Kerin, E.J., Gilmour, C.C., Roden, E., Suzuki, M.T., Coates, J.D., Mason, R.P., 2006. Mercury 

methylation by dissimilatory iron-reducing bacteria. Applied and Environmental 

Microbiology 72, 7919-7921. 

Kidd, K., Clayden, M., Jardine, T., 2011. Bioaccumulation and biomagnification of mercury 

through food webs. In: Liu, G., Cai, Y. and O’Driscoll, N. (Eds.) Environmental Chemistry 

and Toxicology of Mercury. John Wiley & Sons, pp. 453-499. 

Klif, 2010.Norwegian action plan for reducing mercury releases – 2010. Repport 2731/2010. 

Norwegian Climate and Pollution Agency. Oslo, Norway. pp.24. 



55 
 

Kling, G.W., Fry, B., O'Brien, W.J., 1992. Stable isotopes and planktonic trophic structure in 

arctic lakes. Ecology 73, 561-566. 

Lamontagne, S., Carignan, R., D’Arcy, P., Prairie, Y.T., Paré, D., 2000. Element export in runoff 

from eastern Canadian Boreal Shield drainage basins following forest harvesting and 

wildfires. Canadian Journal of Fisheries and Aquatic Sciences 57, 118-128. 

Lavoie, R.A., Jardine, T.D., Chumchal, M.M., Kidd, K.A., Campbell, L., 2013. Biomagnification 

of mercury in aquatic food webs: a worldwide meta-analysis. Environmental Science and 

Technology 47, 13385–13394 

Lehnherr, I., 2014. Methylmercury biogeochemistry: a review with special reference to Arctic 

aquatic ecosystems. Environmental Reviews 22, 1-15. 

Lehnherr, I., St Louis, V.L., 2009. Importance of ultraviolet radiation in the photodemethylation 

of methylmercury in freshwater ecosystems. Environmental Science and Technology 43, 

5692-5698. 

Lepak, J.M., Kinzli, K.-D., Fetherman, E.R., Pate, W.M., Hansen, A.G., Gardunio, E.I., Cathcart, 

C.N., Stacy, W.L., Underwood, Z.E., Brandt, M.M., Myrick, C.A., Johnson, B.M., 2012. 

Manipulation of growth to reduce mercury concentrations in sport fish on a whole-system 

scale. Canadian Journal of Fisheries and Aquatic Sciences 69, 122-135. 

Lindqvist, O., Johansson, K., Bringmark, L., Timm, B., Aastrup, M., Andersson, A., Hovsenius, 

G., Håkanson, L., Iverfeldt, Å., Meili, M., 1991. Mercury in the Swedish environment — 

Recent research on causes, consequences and corrective methods Water, Air, and Soil 

Pollution 55, xi-261. 

Liu, B., Yan, H., Wang, C., Li, Q., Guédron, S., Spangenberg, J.E., Feng, X., Dominik, J., 2012. 

Insights into low fish mercury bioaccumulation in a mercury-contaminated reservoir, 

Guizhou, China. Environ Pollut 160, 109-117. 

Macko, S.A., Estep, M.L.F., Engel, M.H., Hare, P.E., 1986. Kinetic fractionation of stable 

nitrogen isotopes during amino acid transamination. Geochimica et Cosmochimica Acta 50, 

2143-2146. 

Mariotti, A., 1983. Atmospheric nitrogen is a reliable standard for natural 
15

N abundance 

measurements. Nature 303, 685-687. 

Mason, R.P., Benoit, J.M., 2003. Organomercury compounds in the environment. In: Craig, P.J. 

(Ed.) Organometallic Compounds in the Environment. John Wiley & Sons, Ltd, pp. 57-99. 

Mason, R.P., Reinfelder, J.R., Morel, F.M.M., 1995. Bioaccumulation of mercury and 

methylmercury. Water, Air, and Soil Pollution 80, 915-921. 

MassDEP, 2006. Massachusetts fish tissue mercury studies: investigations of seasonal and other 

sources of variation. Massachusetts Department of Environmental Protection, pp. 48. 

Mast, M.A., Clow, D.W., 2008. Effects of 2003 wildfires on stream chemistry in Glacier National 

Park, Montana. Hydrological Processes 22, 5013-5023. 



56 
 

McEachern, P., Prepas, E.E., Gibson, J.J., Dinsmore, W.P., 2000. Forest fire induced impacts on 

phosphorus, nitrogen, and chlorophyll a concentrations in boreal subarctic lakes of northern 

Alberta. Canadian Journal of  Fisheries and Aquatic Sciences 55, 73-81. 

McIntyre, J.K., Beauchamp, D.A., 2007. Age and trophic position dominate bioaccumulation of 

mercury and organochlorines in the food web of Lake Washington. Science of the Total 

Environment 372, 571-584. 

Meili, M., 1991. Mercury in boreal forest lake ecosystem. Institute of limnology. Doctoral 

dissertation. Uppsala University, Uppsala, pp. 36. 

Meili, M., 1992. Sources, concentrations and characteristics of organic matter in softwater lakes 

and streams of the Swedish forest region. Hydrobiologia 229, 23-41. 

Meili, M., 1997. Mercury in lakes and rivers. In: Sigel, A. and Siegel, H. (Eds.) Metal ions in 

biological systems: Mercury and its effects on environment and biology 34, 21-51. 

Meili, M., Kling, G.W., Fry, B., Bell, R.T., Ahlgren, I., 1996. Sources and partitioning of organic 

matter in a pelagic microbial food web inferred from the isotopic composition δ
13

C and 

δ
15

N) of zooplankton species. Archives of Hydrobiology Special Issues on Advanced 

Limnology 48, 53-61. 

Meili, M., Wills, D., 1985. Seasonal concentration changes of Hg, Cd, cu and Al in a population 

of roach (Rutilus rutilus L.). In: Lekkas, T.D. (Ed.) Heavy metals in the environment. 

Commission of the European Communities Consultants, Athens, pp. 709-711. 

Miesel, J., Goebel, P., Corace, R., Hix, D., Kolka, R., Palik, B., Mladenoff, D., 2012. Fire effects 

on soils in Lake States forests: A compilation of published research to facilitate long-term 

investigations. Forests 3, 1034-1070. 

Minagawa, M., Wada, E., 1984. Stepwise enrichment of 
15

N along food chains: Further evidence 

and the relation between δ
15

N and animal age. Geochimica et Cosmochimica Acta 48, 

1135-1140. 

Miskimmin, B.M., Rudd, J.W.M., Kelly, C.A., 1992. Influence of dissolved organic carbon, pH, 

and microbial respiration rates on mercury methylation and demethylation in lake water. 

Canadian Journal of Fisheries and Aquatic Sciences 49, 17-22. 

Monteith, D.T., Stoddard, J.L., Evans, C.D., De Wit, H.A., Forsius, M., Høgåsen, T., Wilander, 

A., Skjelkvaale, B.L., Jeffries, D.S., Vuorenmaa, J., Keller, B., Kopácek, J., Vesely, J., 

2007. Dissolved organic carbon trends resulting from changes in atmospheric deposition 

chemistry. Nature 450, 537-540. 

Morel, F., Kraepiel, A., Amyot, M., 1998. The chemical cycle and bioaccumulation of mercury. 

Annual Review of Ecology and Systematics 29, 543-566. 

Munthe, J., 1992. The aqueous oxidation of elemental mercury by ozone. Atmospheric 

Environment. Part A. General Topics 26, 1461-1468. 



57 
 

Munthe, J., Fjeld, E., Meili, M., Porvari, P., Rognerud, S., Verta, M., 2004. Mercury in Nordic 

freshwater fish: an assessment of spatial variability in relation to atmospheric Deposition. 

7th International Conference on Mercury as a Global Pollutant. RMZ Materials and 

Geoenvironment 51, 1239-1242. 

Murphy, G.W., Newcomb, T.J., Orth, D.J., 2007. Sexual and Seasonal Variations of Mercury in 

Smallmouth Bass. Journal of Freshwater Ecology 22, 135-143. 

Navrátil, T., Hojdová, M., Rohovec, J., Penízek, V., Varilová, Z., 2009. Effect of fire on pools of 

mercury in forest soil, Central Europe. Bulletin of Environmental Contamination and 

Toxicology 83, 269-274. 

Nilsson, Å., Håkanson, L., 1992. Relationships between mercury in lake water, water colour and 

mercury in fish. Hydrobiologia 235-236, 675-683. 

O'Leary, M.H., 1988. Carbon isotopes in photosynthesis. Fractionation techniques may reveal 

new aspects of carbon dynamics in plants. BioScience 38, 328-336. 

Pacyna, E., Pacyna, J., Steenhuisen, F., Wilson, S., 2006. Global anthropogenic mercury emission 

inventory for 2000. Atmospheric Environment 40, 4048-4063. 

Park, J., Curtis, L.R., 1997. Mercury distribution in sediments and bioaccumulation by fish in two 

Oregon reservoirs: point-source and nonpoint-source impacted systems. Archives of 

Environmental Contamination and Toxicology 33, 423-429. 

Pastor, J., Solin, J., Bridgham, S.D., Updegraff, K., Harth, C., Weishampel, P., Dewey, B., 2003. 

Global warming and the export of dissolved organic carbon from boreal peatlands. Oikos 

100, 380-386. 

Peterson, B.J., Fry, B., 1987. Stable isotopes in ecosystem studies. Annual Review of Ecology 

and Systematics 18, 293-320. 

Pickhardt, P.C., Folt, C.L., Chen, C.Y., Klaue, B., Blum, J.D., 2002. Algal blooms reduce the 

uptake of toxic methylmercury in freshwater food webs. Proceedings of the National 

Academy of Science USA 99, 4419-4423. 

Pickhardt, P.C., Stepanova, M., Fisher, N.S., 2006. Contrasting uptake routes and tissue 

distributions of inorganic and methylmercury in mosquitofish (Gambusia affinis) and 

redear sunfish (Lepomis microlophus). Environmental Toxicology and Chemistry 25, 2132-

2142. 

Pinnegar, J.K., Polunin, N.V.C., 1999. Differential fractionation of δ
13

C  and δ
15

N among fish 

tissues: implications for the study of trophic interactions. Functional Ecology 13, 225-231. 

Pirrone, N., Cinnirella, S., Feng, X., Finkelman, R.B., Friedli, H.R., Leaner, J., Mason, R., 

Mukherjee, A.B., Stracher, G.B., Streets, D.G., Telmer, K., 2010. Global mercury 

emissions to the atmosphere from anthropogenic and natural sources. Atmospheric 

Chemistry and Physics 10, 5951-5964. 



58 
 

Polis, G.A., Strong, D.R., 1996. Food web complexity and community dynamics. The American 

Naturalist 147, 813-846. 

Post, D.M., 2002. Using stable isotopes to estimate trophic position: models, methods and 

assumptions. Ecology 83, 703-718. 

Post, D.M., Conners, M.E., Goldberg, D.S., 2000a. Prey preference by a top predator and the 

stability of linked food chains. Ecology 81, 8-14. 

Post, D.M., Pace, M.L., Hairston, N.G.J., 2000b. Ecosystem size determines food-chain length in 

lakes. Nature 405, 1047-1049. 

Power, M., Klein, G.M., Guiguer, K.R.R.A., Kwan, M.K.H., 2002. Mercury accumulation in the 

fish community of a sub-Arctic lake in relation to trophic position and carbon sources. 

Journal of Applied Ecology 39, 819-830. 

Ramalhosa, E., Segade, S.R., Pereira, E., Vale, C., Duarte, A., 2006. Mercury cycling between 

the water column and surface sediments in a contaminated area. Water Research 40, 2893-

2900. 

Rasmussen, J.B., Godbout, L., Schallenberg, M., 1989. The humic content of lake water and its 

relationship to watershed and lake morphometry. Limnology and Oceanography 34, 1336-

1343. 

Rau, G.H., 1978. Carbon-13 depletion in a subalpine lake: carbon flow implications. Science 201, 

901-902. 

Rau, G.H., 1980. Carbon-13/Carbon-12 Variation in subalpine lake aquatic insects: food source 

implications. Canadian Journal of Fisheries and Aquatic Sciences 37, 742-746. 

Rengefors, K., Weyhenmeyer, G.A., Bloch, I., 2012. Temperature as a driver for the expansion of 

the microalga Gonyostomum semen in Swedish lakes. Harmful Algae 18, 65-73. 

Rognerud, S., Borgstrøm, R., Qvenild, T., Tysse, Å., 2003. Ørreten på Hardangervidda. 

Næringsnett, kvikksølvinnhold, ørekytespredning og klimavariasjoner - følger for fiske og 

forvaltning (The trout in Hardangervidda. Food webs, mercury concentration, minnow 

proliferation and climate variations - implications for fishing and management). NIVA-

report 4712-2003, pp. 68. 

Rognerud, S., Fjeld, E., 1993. Regional survey of heavy metals in lake sediments in Norway. 

Ambio 22, 206-212. 

Rognerud, S., Fjeld, E., Rustadbakken, A., Qvenild, T., Hekne, A.M., Meland, A., 2008. 

HydroFish-prosjektet. Resultater fra undersøkelsene i 2007 (HydroFish-project. Results 

from the investigations in 2007). NIVA-report 5622-2008, pp. 32. 

Rolfhus, K.R., Hall, B.D., Monson, B.A., Paterson, M.J., Jeremiason, J.D., 2011. Assessment of 

mercury bioaccumulation within the pelagic food web of lakes in the western Great Lakes 

region. Ecotoxicology 20, 1520-1529. 



59 
 

Rudd, J.W.M., 1995. Sources of methyl mercury to freshwater ecosystems: A review. Water, Air, 

and Soil Pollution 80, 697-713. 

Saito, L., Miller, W.W., Johnson, D.W., Qualls, R.G., Provencher, L., Carroll, E., Szameitat, P., 

2007. Fire effects on stable isotopes in a Sierran forested watershed. Journal of 

Environmental Quality 36, 91-100. 

Schindler, D.W., Newbury, R.W., Beaty, K.G., Prokopowich, J., Ruszczynski, T., Dalton, J.A., 

1980. Effects of a windstorm and forest fire on chemical losses from forested watersheds 

and on the quality of receiving streams. Canadian Journal of Fisheries and Aquatic Sciences 

37, 328-334. 

Schoeller, D.A., 1999. Isotope Fractionation: why aren’t we what we eat? Journal of 

Archaeological Science 26, 667-673. 

Schroeder, W.H., Anlauf, K.G., Barrie, L.A., Lu, J.Y., Steffen, A., Schneeberger, D.R., Berg, T., 

1998. Arctic springtime depletion of mercury. Nature 394, 331-332. 

Selin, N.E., 2009. Global biogeochemical cycling of mercury: a review. Annual Review of 

Environment and Resources 34, 43-63. 

Sellers, P., Kelly, C.A., Rudd, J.W., MacHutchon, A.R., 1996. Photodegradation of 

methylmercury in lakes. Nature 380, 694-697. 

Sharma, C.M., Borgstrøm, R., Huitfeldt, J.S., Rosseland, B.O., 2008. Selective exploitation of 

large pike Esox lucius—Effects on mercury concentrations in fish populations. Science of 

the total environment 399, 33-40. 

Silins, U., Bladon, K.D., Kelly, E.N., Esch, E., Spence, J.R., Stone, M., Emelko, M.B., Boon, S., 

Wagner, M.J., Williams, C.H.S., Tichkowsky, I., 2014. Five-year legacy of wildfire and 

salvage logging impacts on nutrient runoff and aquatic plant, invertebrate, and fish 

productivity. Ecohydrology, n/a-n/a. 

Simoneau, M., Lucotte, M., Garceau, S., Laliberte, D., 2005. Fish growth rates modulate mercury 

concentrations in walleye (Sander vitreus) from eastern Canadian lakes. Environ Res 98, 

73-82. 

Slotton, D.G., Reuter, J.E., Goldman, C.R., 1995. Mercury uptake patterns of biota in a 

seasonally anoxic Northern California reservoir. Water,  Air, and Soil Pollution 80, 841-

850. 

Soto Arrojo, D.X., 2011. Combining trace metal bioaccumulation and stable isotopes to reveal 

food web structure in freshwater ecosystems. Doctoral dissertation. Universidad de 

Barcelona, Barcelona, Spain, pp. 157. 

Soto, D.X., Garcia, E., Catalan, J., 2013. Freshwater food web studies: a plea for multiple tracer 

approach. Limnetica 32, 97-106. 

Spencer, C.N., Gabel, K.O., Hauer, F.R., 2003. Wildfire effects on stream food webs and nutrient 

dynamics in Glacier National Park, USA. Forest Ecology and Management 178, 141-153. 



60 
 

Spry, D.J., Wiener, J.G., 1991. Metal bioavailability and toxicity to fish in low-alkalinity lakes: 

Acritical review. Environmental Pollution 71, 243-304. 

St. Louis, V.L., Rudd, J.W.M., Kelly, C.A., Beaty, K.G., Bloom, N.S., Flett, R.J., 1994. 

Importance of wetlands as sources of methyl mercury to boreal forest ecosystems. 

Canadian Journal of Fisheries and Aquatic Sciences 51, 1065-1076. 

Stafford, C.P., Hansen, B., Stanford, J.A., 2004. Mercury in fishes and their diet items from 

Flathead Lake, Montana. Transactions of the American Fisheries Society 133, 349-357. 

Staveland, G., Marthinsen, I., Norheim, G., Julshamn, K., 1993. Levels of environmental 

pollutants in flounder (Platichthys flesus L.) and cod (Gadus morhua L.) caught in the 

waterway of Glomma,  Norway. II. Mercury and Arsenic. Archives of Environmental 

Contamination and Toxicology 24, 187-193. 

Stein, E.D., Cohen, Y., Winer, A.M., 1996. Environmental distribution and transformation of 

mercury compounds. Critical Reviews in Environmental Science and Technology 26, 1-43. 

Stephan, K., 2007. Wildfire and prescribed burning effects on nitrogen dynamics in central Idaho 

headwater ecosystems. Doctoral dissertation. University of Idaho, pp. 137. 

Stern, G.A., Macdonald, R.W., Outridge, P.M., Wilson, S., Chételat, J., Cole, A., Hintelmann, H., 

Loseto, L.L., Steffen, A., Wang, F., Zdanowicz, C., 2012. How does climate change 

influence arctic mercury? Science of the total environment 414, 22-42. 

Stewart, A.R., Saiki, M.K., Kuwabara, J.S., Alpers, C.N., Marvin-DiPasquale, M., Krabbenhoft, 

D.P., 2008. Influence of plankton mercury dynamics and trophic pathways on mercury 

concentrations of top predator fish of a mining-impacted reservoir. Canadian Journal of 

Fisheries and Aquatic Sciences 65, 2351-2366. 

Søreide, J.E., Tamelander, T., Hop, H., Hobson, K.A., Johansen, I., 2006. Sample preparation 

effects on stable C and N isotope values: a comparison of methods in Arctic marine food 

web studies. Marine Ecology Progress Series 328, 17-28. 

Talbot, C., 1993. Some aspects of the biology of feeding and growth in fish. Proceedings of the 

Nutrition Society 52, 403-416. 

Tilzer, M.M., 1990. Specific Properties of Large Lakes. in: Tilzer, M.M. and Serruya, C. (Eds.) 

Large Lakes. Springer Berlin Heidelberg, pp. 39-43. 

Trudel, M., Rasmussen, J.B., 1997. Modeling the Elimination of Mercury by Fish. Environmental 

Science and Technology 31, 1716-1722. 

Trudel, M., Rasmussen, J.B., 2006. Bioenergetics and mercury dynamics in fish: a modelling 

perspective. Canadian Journal of Fisheries and Aquatic Sciences 63, 1890-1902. 

Turetsky, M.R., Harden, J.W., Friedli, H.R., Flannigan, M., Payne, N., Crock, J., Radke, L., 

2006. Wildfires threaten mercury stocks in northern soils. Geophysical Research Letters 33, 

L16403. 



61 
 

Ullrich, S.M., Tanton, T.W., Abdrashitova, S.A., 2001. Mercury in the aquatic environment: a 

review of factors affecting methylation. Critical Reviews in Environmental Science and 

Technology 31, 241-293. 

UNEP, 2013. Global Mercury Assessment 2013: Sources, Emissions, Releases and 

Environmental Transport. UNEP, Chemicals Branch, Geneva, Switzerland, pp. 44. 

Vander Zanden, M.J., Cabana, G., Rasmussen, J.B., 1997. Comparing trophic position of 

freshwater fish calculated using stable nitrogen isotope ratios (δ
15

N) and literature dietary 

data. Canadian Journal of  Fisheries and Aquatic Sciences 54, 1142-1158. 

Vander Zanden, M.J., Rasmussen, J.B., 1996. A trophic position model of pelagic food webs: 

impact on contaminant bioaccumulation in lake trout. Ecological Monographs 66, 451-477. 

Vander Zanden, M.J., Rasmussen, J.B., 1999. Primary consumer δ
13

C and δ
15

N and the trophic 

position of aquatic consumers. Ecology 80, 1395-1404. 

Vander Zanden, M.J., Vadeboncoeur, Y., 2002. Fishes as integrators of benthic and pelagic food 

webs in lakes. Ecology 83, 2152-2161. 

Verta, M., 1990. Changes in fish mercury concentrations in an intensively fished lake. Canadian 

Journal of Fisheries and Aquatic Sciences 47, 1888-1897. 

Wada, E., Hattori, A., 1978. Nitrogen isotope effects in the assimilation of inorganic nitrogenous 

compounds by marine diatoms. Geomicrobiology Journal 1, 85-101. 

Ward, D.M., Nislow, K.H., Folt, C.L., 2010. Bioaccumulation syndrome: identifying factors that 

make some stream food webs prone to elevated mercury bioaccumulation. Annals of the 

New York Academy of Sciences 1195, 62-83. 

Ward, S.M., Neumann, R.M., 1999. Seasonal variations in concentrations of mercury in axial 

muscle tissue of largemouth bass. North American Journal of Fisheries Management 19, 

89-96. 

Watras, C.J., Backa, R.C., Halvorsena, S., Hudson, R.J.M., Morrisona, K.A., Wente, S.P., 1998. 

Bioaccumulation of mercury in pelagic freshwater food webs. Science of the total 

environment 219, 183-208. 

Watras, C.J., Morrison, K.A., Host, J.S., Bloom, N.S., 1995. Concentration of mercury species in 

relationship to other site-specific factors in the surface waters of northern Wisconsin lakes. 

Limnology and Oceanography 40, 556-565. 

Wieder, R.K., Vitt, D., Benscoter, B., 2006. Peatlands and the Boreal Forest. In: Wieder, R.K. 

and Vitt, D. (Eds.) Boreal Peatland Ecosystems. Springer Berlin Heidelberg, pp. 1-8. 

Wiedinmyer, C., Friedli, H., 2007. Mercury Emission Estimates from Fires: An Initial Inventory 

for the United States. Environmental Science and Technology 41, 8092-8098. 

Wiener, J.G., Knights, B.C., Sandheinrich, M.B., Jeremiason, J.D., Brigham, M.E., Engstrom, 

D.R., Woodruff, L.G., Cannon, W.F., Balogh, S.J., 2006. Mercury in soils, lakes, and fish 



62 
 

in Voyageurs National Park (Minnesota): importance of atmospheric deposition and 

ecosystem factors. Environmental Science and Technology 40, 6261-6268. 

Wiener, J.G., Krabbenhoft, D.P., Heinz, G.H., Scheuhammer, A.M., 2003. Ecotoxicology Of 

Mercury. In: Hoffman, D.J.R., Rattner, B.A., Burton, G.A. and Cairns, J. (Eds.) Handbook 

of Ecotoxicology, Second Edition. CRC Press, pp. 409-463. 

Wiener, J.G., Martini, R.E., Sheffy, T.B., Glass, G.E., 1990. Factors influencing mercury 

concentrations in walleyes in Northern Wisconsin lakes. Transactions of the American 

Fisheries Society 119, 862-870. 

Winch, S., Praharaj, T., Fortin, D., Lean, D.R., 2008. Factors affecting methylmercury 

distribution in surficial, acidic, base-metal mine tailings. Science of the total environment 

392, 242-251. 

Wängberg, I., Munthe, J., Berg, T., Ebinghaus, R., Kock, H.H., Temme, C., Bieber, E., Spain, 

T.G., Stolk, A., 2007. Trends in air concentration and deposition of mercury in the coastal 

environment of the North Sea Area. Atmospheric Environment 41, 2612-2619. 

Xun, L., Campbell, N.E.R., Rudd, J.W.M., 1987. Measurements of specific rates of net methyl 

mercury production in the water column and surface sediments of acidified and 

circumneutral lakes. Canadian Journal of Fisheries and Aquatic Sciences 44, 750-757. 

Zhang, L., Campbell, L.M., Johnson, T.B., 2012. Seasonal variation in mercury and food web 

biomagnification in Lake Ontario, Canada. Environmental Pollution 161, 178-184. 

Åkerblom, S., Johansson, K., 2008. Kvicksilver i svensk insjöfish - variationer i tid och rum 

(Mercury in fish from Swedish lakes – variations in time and space). Institutionen för 

miljöanalys (SLU). Report 2008:8. Uppsala, Sweden. 

  



63 
 

Papers I-IV 
 



Paper II 
  



 



	
  
	
  

This	
   article	
   has	
   been	
   accepted	
   for	
   publication	
   and	
   undergone	
   full	
   peer	
   review	
   but	
   has	
   not	
   been	
   through	
   the	
   copyediting,	
  
typesetting,	
  pagination	
  and	
  proofreading	
  process,	
  which	
  may	
  lead	
  to	
  differences	
  between	
  this	
  version	
  and	
  the	
  final	
  one.	
  Please	
  
cite	
  this	
  article	
  as	
  doi:	
  10.4081/jlimnol.2014.918	
  
	
  

Seasonal variation of mercury and d15N in fish from Lake Heddalsvatn, 

southern Norway 

 
Clara E. MORENO,1* Eirik FJELD,2 Min K. DESHAR,1 Espen LYDERSEN1 

 
1Department of Environmental and Health Studies, Telemark University College, Hallvard Eikas 

Plass 1, No-3800, Bø, Norway 
2Norwegian Institute for Water Research, Gaustaallén 21, No-0340, Oslo, Norway 

 

*Corresponding author:  clara.e.moreno@hit.no   

 

 

Keywords: Mercury, fish, seasonal variations, stable isotopes, Lake Heddalsvatn. 

 

ABSTRACT 

Seasonal variations of mercury (Hg) concentration in muscle tissue of northern pike - 

Esox lucius L, European whitefish - Coregonus lavaretus L and European perch - Perca 

fluviatilis L have been investigated in Lake Heddalsvatn, southern Norway.  Our data confirmed 

seasonal differences in the Hg concentrations in fish, but the causes for that may vary depending 

on fish species. Length (pike and perch) and age (perch and whitefish) were the strongest 

explanatory factors for the Hg fluctuations. Fish caught in December (pike and whitefish) had the 

highest Hg concentrations, while the concentrations in May were higher than in September for all 

3 species, statistically significant for perch (P<0.0001) and close to significant for pike (P=0.07).  

Higher δ15N signatures were found in December and May compared with September, but these 

differences might be related to fish body size variations. There was a large range of δ13C 

signatures in the investigated fish, but no significant differences between seasons neither within 

nor between species. 
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INTRODUCTION 

Mercury (Hg) is naturally present in waters at very low concentrations. The more toxic 

form of Hg, the monomethylmercury, CH3Hg+ (MeHg), is a toxicant readily accumulated by 

aquatic biota. Although in the water phase MeHg only represents 3–5 % (interquartile range) of 

the total Hg in boreal lakes in South-East Norway (Braaten et al., 2014), more than 95 % is in the 

methylated form in muscle tissue and directly obtained from the diet (Huckabee et al., 1979; 

Bloom, 1992). Therefore, the methylation of inorganic Hg is a crucial process regulating mercury 

levels in fish (Korthals and Winfrey, 1987). Microbial Hg transformations play an important role 

in the Hg cycle, the production of MeHg occurs primarily through methylation of inorganic Hg 

by sulfate-reducing bacteria (Benoit et al., 2001) and iron-reducing bacteria (Kerin et al., 2006).  

In addition to the methylation rates, there exist a number of other environmental, 

ecological and physiological factors influencing the bioaccumulation of Hg in aquatic ecosystems 

(Watras et al., 1998; Ullrich et al., 2001). These factors may mislead the interpretation of the 

results of many studies, leading to erroneous conclusions and hiding other possible relationships 

(MassDEP, 2006). Therefore, while apparent Hg concentrations in specific fish tissue may vary 

over time, the relative influence of factors such as environmental fluctuations (pH, temperature, 

dissolved organic carbon, nutrient availability) and changes in fish physiology should be taken 

into account when results are interpreted (MassDEP, 2006). Concentrations of Hg can be 

influenced by fish size (Gilmour and Riedel, 2000), a factor that can easily vary among sampling 

periods. Hence, seasonal changes in the Hg concentrations in aquatic ecosystems have been 

investigated and documented in many studies aiming to describe seasonal patterns in freshwater 

food webs (Meili and Wills, 1985; Staveland et al., 1993; Slotton et al., 1995; Park and Curtis, 

1997; Gorski et al., 1999; Farkas et al., 2000, 2003; Foster et al., 2000; Murphy et al., 2007; 

Zhang et al., 2012). On the other hand, some studies record no seasonal changes in Hg 

concentrations (Park and Curtis, 1997; Farkas et al., 2000; Foster et al., 2000; Burger et al., 

2009). 

It is hypothesized that increased growth rates in the fish will lead to reduced mass-specific 

MeHg concentration by somatic growth dilution (Stafford et al., 2004; Karimi et al., 2007). Some 

studies have documented that different fish growth rates can contribute to modify Hg 

concentrations in fish muscle when comparing fish of similar lengths (Simoneau et al., 2005). 

Furthermore, as fast growing fish during summer assimilate more biomass relative to Hg than 
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slow growing fish, it is assumed that the ingested Hg becomes diluted by a larger body mass. In 

other words, fish with low activity costs are expected to contain lower levels of Hg in their 

muscle tissue (Trudel and Rasmussen, 2006). On the other hand, the opposite occurs during the 

winter period, with little fish growth and higher Hg concentrations (Lindqvist et al., 1991). 

During this starvation period the fish catabolize their own muscle tissue for energy, reducing the 

body mass faster than the bound MeHg, with the subsequent increase of the overall Hg 

concentration in the fish muscle (Cizdziel et al., 2002). Stable isotope analysis of nitrogen (N) 

and carbon (C) provide a powerful tool for characterizing food web structures in lakes and the 

pathways of energy flow through the food chain (Post, 2002). While the stable carbon isotope 

ratio (d13C) undergoes little fractionation (0.4 ± 1.3‰ per trophic level) with assimilation of food, 

the stable nitrogen isotope ratio (d15N) is enriched by about 3.4 ± 1‰ relative to their diet (Post, 

2002) and thus, useful for estimating trophic position of organisms (Minagawa and Wada, 1984; 

Peterson and Fry, 1987; Kling et al., 1992). Consumers feed potentially on many sources, it has 

been shown that there is a duality of pelagic and benthic production in lakes, and fish are mobile 

consumers linking both habitats (Vander Zanden and Vadeboncoeur, 2002). Thus, cross-habitat 

feeding by fish will generate a mixture in their d13C signatures; predators potentially feeding on 

different sources can lie in the same isotopic area (Soto et al., 2013).  

The δ15N signatures of starving or natural fasting animals typically show elevated values 

(Hobson et al., 1993). Starving (protein-limited) animals catabolize their own bodily proteins to 

use as energy and amino acid sources. The starvation and the subsequent deamination and 

transamination (internal rearrangement of N) are isotope fractionation processes, and might be 

the reason for the high δ15N values, generating an isotopic enrichment analogous to the process 

by which the tissues of animals at high trophic levels become 15N enriched (Gannes et al., 1998). 

Since δ15N can be used to characterize trophic relationships in aquatic food webs, a simple linear 

relationship between Hg (with logarithmic transformation) and δ15N in organisms within a food 

web can be used to rate the biomagnification power of Hg. The slope of this regression (trophic 

magnification slope, TMS) has been used in many studies to quantify the biomagnification 

potential. The trophic magnification factor (TMF) also represents the average biomagnification of 

a pollutant per trophic level. When TMF > 1 then Hg biomagnifies through the food web (Lavoie 

et al., 2013).  

In our study, we have investigated seasonal variations of Hg concentration (mg kg-1 ww) 

and d13C and d15N signatures (‰) in muscle tissue from northern pike - Esox lucius L, European 
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whitefish - Coregonus lavaretus L and European perch - Perca fluviatilis L in Lake Heddalsvatn, 

southern Norway. As the captured fish represent various trophic levels from piscivorous to 

planktivorous or benthivorous fish, seasonal variations of Hg are studied both within and between 

fish species.  

 

 

METHODS 

Site description 

Lake Heddalsvatn (59° 33′ N, 9° 13′ E) is located in the county of Telemark, southern 

Norway. The lake is a relatively big (surface area: 13.39 km2; lake volume: 0.44 km3), medium 

deep (maximum depth: 54 m; medium depth: 37 m) lake, located at 16 m asl, with a large 

catchment (5 036 km2). The lake is surrounded partly by mountain and woodland areas as well as 

some agricultural areas. The city Notodden (13 000 inhabitants) is situated in the northern end of 

the lake. Two main rivers flow into the lake from north, the River Heddøla and the River 

Tinnelva, the latter draining large parts of the Hardangervidda, a large high mountain plateau.  

Historically, a potential local Hg source was a paper mill operating at the outlet of River 

Tinnelva until 1972. In addition, Hg has also been used as a fungicide in the surrounding 

agricultural areas, until prohibited in 1990. Today, the main known Hg source in remote areas, as 

in the Heddalsvatn area, is the long range atmospherically transported air-pollution Hg 

(Ranneklev et al., 2009).  

 

Sampling 

Samples were collected over three seasons, December 2008, May 2010 and September 2010. 

The fish were caught by gillnets of different mesh sizes (from 10 mm to 52 mm) in order to cover  

a representative selection of various length and age classes of the 3 fish species investigated. Due 

to this fishing method the sampling replicates was not balanced between seasons and fish species.  

The fishing was conducted only in the northern part of Lake Heddalsvatn, a large shallow area, 

which is not necessarily representative of the entire lake. A total of 266 fish of the 3 species were 

sampled, 49 pike, 121 whitefish and 96 perch. Pike and whitefish were collected in all three 

seasons, while we were not able to catch perch in December, a period of the year where this 

species is very immobile (Borgstrøm and Hansen, 1987). Each fish was stored in individual 

plastic bags in a freezer (< -18°C) until analyzed for Hg and stable isotopes. 
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Sample preparation and analysis 

Age determinations were mainly done by examination of otoliths. Otoliths were first 

burned with a butane lighter and then sectioned on the concave side in the center of the otolith. 

The sectioned pieces were studied under a light microscope. In addition, the metapterygoid bone 

was dissected for age determination of pike, while the operculum was sampled as a 

supplementary support for age determination of perch.  

Analyses of Hg were conducted on fish tissue taken from the mid dorsal muscle (two 

duplicates of 100 mg). Hg samples were analyzed by atomic absorption spectrometry, using a 

RA-915M Mercury Analyzer with a pyrolyzer PYRO-915+ (Lumex Instruments). A tuna fish 

standard (European Reference Material CE464) with a Hg concentration of 5240 ppb was used 

for the calibration of the instrument. Prior to stable isotope analyses of N and C, a small dorsal 

muscle sample was dried in an oven for 24 h at 60-80°C before grounded to fine powder by 

mortar and pestle. Approximately 1 mg of dried material was then transferred into 9x15 mm tin 

capsules, and analyzed by the Norwegian Institute of Energy Technology (IFE). All isotope 

values are referring to primary standards. For C the reference standard, PDB, is marine carbonate, 

Pee Dee Belemnite (Craig, 1953). For N the reference standard is atmospheric nitrogen (Mariotti, 

1983). The relationships between stable isotopes of C and N (d13C = 13C/12C and d15N = 15N/14N) 

are reported in ‰ and expressed by the following equation:  

       (eq. 1) 

where R represents the ratio between the heavy and light isotope, i.e. 13C/12C or 15N/14N. 

We assumed that consumers become enriched on average by 3.4 ‰ per trophic level (Minagawa 

and Wada, 1984; Post, 2002). On the other hand, δ13C signatures are rather weakly enriched as 

trophic level increases, but they vary in the base of the food chain (Peterson and Fry, 1987). The 

biomagnification of Hg has typically been calculated with the following equation (eq. 2) (Lavoie 

et al., 2013): 

Log[Hg] = b·δ15N + a       (eq. 2) 

where b is the trophic magnification slope ( TMS) and a is the intercept, previously considered as 

an estimate of the concentration of Hg that is incorporated at the base of the food web. 
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The trophic magnification factor (TMF) of the ecosystem is calculated as the antilog of the TMS 

per trophic level (Lavoie et al., 2013), i.e.:  

TMF = 10(b·3.4‰)       (eq. 3) 

 

Statistics 

To explain the Hg fluctuations in different seasons we tested the hypothesis of whether 

growth dilution or the opposite phenomenon caused by starvation/energy expenditures due to 

spawning/reproduction were the cause for these differences in Hg concentration. Statistical 

analyses included analysis of covariance (ANCOVA), using the mercury concentrations as the 

dependent variable, season as a nominal independent factor and length, age, body mass or δ15N as 

candidates for continuous covariates in the model. The minimum Akaike Information Criterion 

(AIC) was used to choose the best model. The model residuals were checked for normality, 

heteroscedaticity and serial correlations. The Mann Whitney test was used for the examination of 

specific differences of isotopic C burden, both within species and between species. The data were 

also examined with linear regression analysis for correlations between mercury content and fish 

size (length or mass), age and stable isotopes for each fish species, with all seasonal data 

together. A logarithmic transformation of the Hg concentration, length, body mass and age values 

was used to improve normality of data. The regression residuals were tested for normality and a 

Durbin Watson test for serial correlations was used. 

A significance level of 0.05 was used in the significance tests.  All the statistical analyses 

were conducted by JMP Statistical Software (SAS Institute Inc., 2010) and/or Minitab 16 

Statistical Software.  

 

 

RESULTS 

Statistical data on morphology (total length, mass), age, δ15N and δ13C (‰) and Hg (mg 

kg-1 ww) from the 3 fish species investigated in Lake Heddalsvatn at three different seasons 

(December, May and September) are presented in Tab. 1. The Hg concentrations in the fish from 

Lake Heddalsvatn varied from 0.04 to 2.50 mg kg-1 (ww), with the highest value found in the 

biggest and eldest individual of pike (112 cm, 9.8 kg and 16 years). The highest average Hg 

concentrations and most enriched δ15N signatures were found in pike, followed by perch, and 

with the lowest average values present in whitefish.  
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The d15N signatures were significantly higher (P<0.05) in May and December compared 

with September for all three species, except for the fact that we have no fish data for perch in 

December. The δ15N signatures in December and May were relatively similar. The TMS in the 

northern part of Lake Heddalsvatn for all fish species and seasons was 0.19±0.02. The Hg 

concentration was calculated to increase by a factor (TMF) of 4.29 per trophic level in the lake 

food web. The TMS including all fish species for the months of May, September and December 

was 0.27±0.04, 0.14±0.03 and 0.15±0.04, respectively. There were not significant (P>0.05) 

differences in the δ13C signatures between species nor between seasons within a species. 

However, δ13C in whitefish had a significantly higher variance than pike and perch, which might 

reflect a broader ecological niche with regard to carbon sources (zooplankton, terrestrial surface 

insects and zoobenthos). During all seasons, significant positive correlations existed between Hg 

concentration in muscle tissue and length, body mass, age, and δ15N in perch and pike (Tab. 2), 

except for the correlation between Hg and δ15N in pike in September (P=0.099). For whitefish, 

also significant positive correlations existed between Hg concentration in muscle tissue and 

length, mass and age, while regarding δ15N, a significant positive correlation (P=0.006; R2=18.0) 

with Hg was only found in September (Tab. 2).  

The covariance analysis for perch showed that both length and age contributed to the 

variation in Hg concentrations (all variables log-transformed) together with season (Fig. 1, Tab. 

3). The model was highly significant (P<0.0001) and explained 81% of the variations in log Hg 

concentrations. Length was the most important explanatory variable (F1,92 =35.8, P<0.0001), 

followed by age (F1,92 =10.3, P=0.002) and season (F1,92 =7.0, P=0.01). No significant 

interactions between season and length or age could be proved, hence the effect of length and age 

did not differ between seasons. The δ15N values did not provide any further significant 

contribution to the model (P=0.23). The concentration of Hg in perch was significantly higher in 

May 2010 (0.35 mg kg-1) than in September 2010 (0.26 mg kg-1) after adjusting to geometric 

mean length (22.8 cm) and age (4.4 yr). The perch caught during September 2010 were 

significantly bigger (23.4 cm, 169 g) compared to those caught in May 2010 (21.1 cm, 125 g) 

after adjusting for differences in age distribution. There was no significant variation (P<0.0001) 

in the length-mass relationship between seasons, maintaining the same mass at a given length 

(May: 158 g and September: 154 g).The covariance analysis between Hg concentrations in pike 

and length (both log-transformed) for different seasons showed that the interaction between 

length and season was insignificant (P=0.43), indicating parallel regressions of Hg concentration 
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on length (both log-transformed) for the different seasons (Fig. 2, Tab. 3). The model was highly 

significant, explaining 84% of the variation in log Hg concentrations (P<0.0001). Length was the 

most important variable (F1,44=131.8, P<0.0001), whereas the effect of season was close to 

significance (F2,44=2.74, P=0.07). Neither δ15N nor age (log-transformed) could provide any 

further significant contribution to the model (P= 0.99 and 0.26, respectively).The length-adjusted 

Hg mean for pike, adjusted to geometric mean length (48.9 cm) was higher in December 2008 

(0.60 mg kg-1) than in May and September 2010 (0.47 and 0.43 mg kg-1, respectively). A post-

hoc test (least square means contrast) indicated that the length adjusted Hg mean of December 

2008, could be significantly higher than that of May and September 2010 (P=0.02). For the two 

different seasons in 2010 (May-September) the pike length at a given age (average: 4.8 yr) was 

slightly shorter (P=0.04) in September (46.2 cm) compared with May (52.2 cm). However, there 

were not significant (P=0.2) variations in the length-mass relationships between May (637 g) and 

September (669 g), maintaining the same condition in both months. For whitefish the covariance 

analysis showed that the most important factor for Hg variations is the age. The interaction 

between age and season was insignificant (P=0.45), indicating parallel regressions for the 

different seasons (Fig. 3, Tab. 3). The model between Hg concentration and age (both log-

transformed) for different seasons was significant (P 0.0001) and explained 49% of the Hg 

variations. The effect of the age was the most important factor (F1,116=50.38, P<0.0001) followed 

by the effect of season (F2,11 =9.77, P=0.0001). Neither δ15N nor length (log-transformed) could 

provide any further significant contribution to the model (P= .86 and 0.24, respectively). The 

concentration of Hg in whitefish at a given age (average: 6.1 yr) was significantly higher in 

December 2008 (0.16 mg kg-1) compared with May 2010 (0.12 mg kg-1) and September 2010 

(0.11 mg kg-1), while the difference between May and September was not significant. However, 

significant seasonal mass-length relationship was revealed, as the whitefish in May 2010 (306 g) 

were significantly heavier at a given length compared with September 2010 (284 g) and 

December 2008 (254 g). There was a large variation in δ13C signatures in the investigated 

whitefish (-23.9‰ to -32.7‰), but not significant variations between the seasons.  
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DISCUSSION 

In boreal areas, like in Scandinavia, little fish data exist from the cold and normally snow 

rich winter periods, when most lakes are covered by ice.  he cold and dark environment present at 

that time of the year implies minor biological production at all ecosystem levels. Accordingly, the 

activities of many fish species, including feeding activity, are at minimum (Greenfield et al., 

2005) and variuous degrees of starvation likely appear in the fish populations. Conversely, during 

the growth season (May-October), feeding activity, growth rate and growth efficiency are high 

(Lindqvist et al., 1991), and the body mass of the fish increases rapidly (Talbot, 1993).  

Consequently, seasonal variations in Hg concentrations and d15N in fish should be expected as 

these parameters are expected to respond to variations in growth (decrease in Hg and d15N) and 

starvation (increase in Hg and d15N). The evaluation of seasonal variations of Hg concentrations 

in fish from our study was implemented in different years, 2008 and 2010. We assumed that there 

was no influence on the interpretation of the data regarding temporal variation from the year 2008 

to the year 2010, and that the seasonal variations have a stronger influence on the fish Hg 

concentrations. Braaten et al. (2014) tested temporal variations on THg and MeHg concentrations 

in three boreal lakes and showed a minimal but not significant variation within the two years of 

their study (2010-2012). Major watershed disturbances (such as forest fires or clearcutting) or 

local point sources of pollution would imply a possible variation in inter-annual concentrations of 

Hg, but such events have not occurred in lake-near areas during the investigated period. 

There exist differences in fish Hg concentrations between sexes and these differences 

have primarily been attributed to energy expenditures during the spawning season and growth 

rates (Gewurtz et al., 2011; Stacy and Lepak, 2012). Sex determination was not conducted in our 

study; however, as the Hg concentrations were normalized to body mass and/or length when 

comparing between seasons, we assumed that it is indirectly accounting for possible sex-specific 

differences. The TMS obtained in our study (0.19) is comparable to a recent report throughout 

different regions and ecosystems worldwide, which shows mean values of 0.16±0.11 for total Hg 

and 0.24±0.08 for MeHg (Lavoie et al., 2013). The comparison of the TMS values during 

different months could lead to misinterpretations due to the unbalanced replication of samples in 

the different seasons, which may influence the slope and the TMF. The regression may as well be 

substantially influenced by the number of trophic levels included in the samples (Borgå et al., 

2012), which varies greatly between each season sampled in the study. There was no significant 

species specificity in the δ13C signatures. The average δ13C signatures for all fish species in our 
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study lake (Tab. 1) have typical values for energy sources derived from pelagic areas (-28,4‰; 

Vander Zanden and Rasmussen, 1999). However, it is well-known that fish are a mobile species 

and integrate both pelagic and benthic food webs in lakes and they derive energy 

opportunistically from both habitats (Post et al., 2000b; Vander Zanden and Vadeboncoeur, 

2002). Unfortunately, prey organisms were not sampled to estimate the percent contribution from 

littoral or pelagic sources to each individual. Stable isotope signatures of fish that feed on 

different food sources may lie in the same isotopic position while truly belonging to different 

niches. Hence, it is a tentative assumption to only consider measured δ13C signatures of the fish 

to assess their energy sources. Therefore, δ13C did not add explanatory power to the description 

of Hg concentrations within the food web of the lake. 

Our data confirm seasonal variations in the Hg concentrations in fish from Lake 

Heddalsvatn, but the causes may vary depending on fish species. Generally, the highest 

concentrations of Hg and d15N in muscle tissue of fish (only pike and whitefish caught) were 

observed during winter time (December). Perch showed clear seasonal variations in the Hg 

concentrations. After the spawning in late April–May, the fish population increased in mass 

rapidly throughout the summer with subsequent decrease in the Hg concentration in muscle 

tissue. The most likely explanation is the somatic growth dilution of Hg, as also shown by  

Stafford et al. (2004), where Hg concentrations decreased with fish growth. Our results also 

concurred with the seasonal Hg patterns described by Meili (1991) in Swedish lakes, where the 

Hg concentrations were higher during May compared to September for all fish species 

investigated (pike, perch and roach). Both length and age were important explanatory factors for 

the Hg concentrations in the perch population, indicating the tight relationship between 

bioenergetics and Hg accumulation in fish (Trudel and Rasmussen, 2006). It is hypothesized that 

Hg concentration increases over time when the uptake rate of Hg exceeds the sum of excretion 

rate and growth dilution rate. That is, older fish will have higher Hg concentrations than younger 

fish at a given length. An old fish has had a longer exposure time to accumulate Hg than a young 

fish, even though both have achieved the same length. This phenomenon is more pronounced in 

populations with individuals with a stagnated growth pattern or in older individuals that have 

reduced growth efficiency, due to the fact that metabolic costs are relatively higher in older 

individuals (Trudel and Rasmussen, 2006). The seasonal changes of Hg in muscle tissue of pike 

could not be explained by growth dilution, since there was no measurable growth from May to 

September in the fish caught. An explanation might be the single capture site within a restricted 
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area of the lake, which may have biased the results. In large and deep lakes, whitefish might 

represent various sub-populations of different phenotypes occupying specific niches (Harrod et 

al., 2010), but all sub-populations basically feed on zooplankton and benthos. This likely 

explains the very low concentration of Hg in all three investigated seasons. Despite so, seasonal 

variations of Hg in whitefish were documented. However, this cannot be explained by growth 

dilution since the fish caught in September at the end of the growth season, were smaller than 

those caught in May. Based on our data, no adequate reasons for this fact can be found. The wide 

range in d13C in whitefish (-23.9‰ to -32.7‰), which indicates large variation in habitats and/or 

feeding strategy, may have influenced on the results. Additionally, similar d13C signature 

variations in whitefish have been found in Lake Norsjø, the first downstream lake from Lake 

Heddalsvatn (Jensen, 1954; Moreno and Lydersen, 2014). The higher δ15N signatures found in 

fish in Lake Heddalsvatn in December and May compared with September, concur with a 

previous study by Gannes et al. (1998) where they affirm that the processes by which the tissues 

of animals at high trophic levels become enriched in d15N, probably apply to starving animals. As 

May and December belong to cold and dark winter-period in lakes at high latitudes, minor 

biological activity and production occur. Accordingly, the feeding rates of fishes are at minimum, 

and starvation with subsequent d15N enrichment might occur. However, the significant seasonal 

variations in δ15N in all three species in our study were mainly related to fish body size 

variations. For pike and perch, the lower δ15N signatures in September were associated with a 

decrease in mean fish size. For perch, the decrease from May to September also coincided with a 

decrease in mean fish size. There were no significant differences in the length adjusted seasonal 

means in δ15N for pike and whitefish (P>0.05), whereas a small statistical significant reduction 

from May to September (∆15N = -0.7 ‰) could be detected for perch (P=0.02). 

In Norway, the human consumption limit for fish is 0.5 mg Hg kg-1(ww) in muscle tissue of 

perch and whitefish and 1.0 mg Hg kg-1 regarding pike (Codex-Alimentarius-Comission, 1991). 

Predicted results by linear regression analyses, showed that bigger individuals of pike (100 cm, 

9.0 kg) and perch (27 cm, 0.302 kg)  are needed to exceed this limit in September, compared with 

fish caught in May (pike: 79 cm, 3.6 kg; perch: 24 cm, 0.187 kg). As only a few individuals of 

pike and no perch were caught in December, these data are not incorporated in this comparison. 

For the planktivorous and benhtivorous whitefish, the concentrations of Hg are generally well 

below these limits during all seasons.   
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CONCLUSIONS 

The investigation of pike (piscivorous), whitefish (planktivorous, benthivorous) and perch 

(generalist) in Lake Heddalsvatn has documented seasonal variations in the muscle tissue Hg 

concentrations, disregarding confounding factors such as fish length, age or d15N signatures. 

However, length was the most important explanatory variable for Hg concentrations in fish tissue 

from pike, while age was the most important factor for whitefish. Both length and age combined 

were the best explanatory factors for perch. 

The highest Hg concentrations were revealed in the fish species caught in December (pike 

and whitefish). The Hg concentrations in May were higher than in September for all 3 species, it 

was of statistical significance for perch and close to significant for pike. The interplay between 

low feeding rates during the winter (starvation) and somatic growth dilution during summer is 

likely the main factor for seasonal Hg fluctuations in fish in high latitude lakes as Lake 

Heddalsvatn. For perch, this was the main explanation for the Hg seasonal variations. Regarding 

whitefish, it is well known that several subpopulations occur in the lake, varying in size, 

condition factor, and use of littoral habitat for feeding and/or spawning. Despite so, a significant 

positive correlation was found between Hg in muscle tissue of whitefish and age, and that the Hg 

concentrations differed between seasons.  

Due to seasonal variations of Hg in fish from Lake Heddalsvatn, bigger perch and pike 

can be eaten during autumn before the consumption limits of 0.5 mg kg-1 (perch) and 1.0 mg kg-1 

(pike) are reached, while Hg in all whitefish was below these limits. 
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Tab. 1. Summary data for the length, mass, age, total Hg concentration, measured δ13C and δ15N 
in muscle tissue for the three fish species in Lake Heddalsvatn, southern Norway. 
 
 

Species 

(n) 

Season 

(n) 

Statistics Length 

(cm) 

Mass 

(g) 

Age 

(yr) 

Hg 

ppm(ww) 

δ13C 

(‰) 

δ15N 

(‰) 

Pi
ke

  
(4

9)
 

May 

(23) 

Mean±sd 

Median 

Min-max 

57.1±16.7 

58.9 

27.5-87.0 

1581±1227 

1320 

125-4250 

6±2 

5 

3-10 

0.64±0.33 

0.58 

0.15-1.30 

-27.8±0.7 

-27.7 

-29.3- -27.0 

9.5±1.1 

9.4 

7.8-11.7 

Sept. 

(18) 

Mean±sd 

Median 

Min-max 

39.9±14.5 

35.8 

25.0-77.0 

619±808 

277 

52-3060 

4±2 

4 

2-7 

0.34±0.20 

0.27 

0.16-0.86 

-27.8±0.9 

-28.0 

-29.4- -25.9 

8.2±1.4 

8.5 

3.6-10.1 

Dec. 

(8) 

Mean±sd 

Median 

Min-max 

63.3±24.4 

64.8 

26.3-112.0 

2661±3009 

2000 

111-9800 

7±4 

6 

2-16 

0.95±0.74 

0.76 

0.07-2.50 

-28.4±1.4 

-28.0 

-31.6- -27.2 

9.5±1.7 

9.7 

6.3-11.7 

W
hi

te
fis

h 
 

(1
21

) 

May 

(24) 

Mean±sd 

Median 

Min-max 

34.6±5.4 

33.6 

28.3-50.0 

471±316 

367 

208-1609 

7±3 

6 

3-15 

0.15±0.07 

0.14 

0.06-0.38 

-27.5±1.3 

-27.9 

-29.8- -24.5 

8.7±0.5 

8.7 

7.7-9.9 

Sept. 

(41) 

Mean±sd 

Median 

Min-max 

27.0±5.5 

25.5 

19.5-44.0 

194±152 

123 

54-743 

4±2 

4 

2-11 

0.10±0.04 

0.09 

0.04-0.21 

-27.8±1.3 

-28.1 

-30.7- -23.9 

8.0±0.7 

7.9 

6.7-9.7 

Dec. 

(56) 

Mean±sd 

Median 

Min-max 

35.5±7.1 

34.7 

21.4-48.7 

456±303 

310 

65-1245 

7±4 

6 

2-22 

0.23±0.28 

0.15 

0.07-2.07 

-28.2±1.9 

-28.3 

-32.7- -24.0 

8.7±0.9 

8.7 

5.6-11.0 

Pe
rc

h 
 

(9
6)

 

May 

(26) 

Mean±sd 

Median 

Min-max 

25.2±3.4 

25.6 

16.3-31.4 

244±109 

228 

45-503 

6±1 

7 

4-8 

0.68±0.33 

0.66 

0.11-1.32 

-27.6±0.7 

-27.6 

-28.9- -25.5 

9.2±0.7 

9.3 

8.1-10.8 

Sept. 

(70) 

Mean±sd 

Median 

Min-max 

22.5±4.6 

21.8 

14.5-32.0 

175±128 

120 

35-567 

4±2 

4 

2-8 

0.32±0.31 

0.18 

0.06-1.33 

-27.9±0.9 

-27.8 

-31.0- -25.3 

8.3±1.1 

8.5 

4.3-10.5 
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Tab. 2. Linear regression equations for the relationships between Hg concentration and the length 
(cm). mass (g). age and stable nitrogen isotope (δ15N) for pike. whitefish and perch. collected 
during three different months in Lake Heddalsvatn.  
 
 

Species Season 
(n) 

Regression equation R2 P 
Pi

ke
 

May 
(23) 

LogHg= -2.98 + 1.57·LogLength 82.5 0.000 
LogHg= -1.73 + 0.49·LogMass 80.1 0.000 
LogHg= -1.02 + 1.08·LogAge 79.4 0.000 

 LogHg= -1.90 + 0.17·δ15N 59.5 0.000 

Sept. 
(18) 

LogHg= -2.48 + 1.24·LogLength 68.8 0.000 
LogHg= -1.44 + 0.36·LogMass 69.0 0.000 
LogHg= -0.97 + 0.81·LogAge 52.7 0.001 

 LogHg= -1.11 + 0.07·δ15N 16.1 0.099 

Dec. 
(8) 

LogHg= -4.34 + 2.35·LogLength 86.7 0.001 
LogHg= -2.57 + 0.75·LogMass 86.7 0.001 
LogHg= -1.26 + 1.37·LogAge 69.2 0.010 
LogHg= -2.37 + 0.23·δ15N 74.6 0.006 

W
hi

te
fis

h 

May 
(24) 

LogHg= -3.00 + 1.39·LogLength 22.4 0.020 
LogHg= -1.72 + 0.33·LogMass 16.0 0.053 
LogHg= -1.53 + 0.80·LogAge 55.4 0.000 

 LogHg= -1.36 + 0.058·δ15N 2.8 0.434 

Sept. 
(41) 

LogHg= -2.81 + 1.25·LogLength 36.5 0.000 
LogHg= -1.83 + 0.36·LogMass 33.5 0.000 
LogHg= -1.39 + 0.62·LogAge 50.3 0.000 

 LogHg= -1.80 + 0.096·δ15N 18.0 0.006 

Dec. 
(56) 

LogHg= -2.09 + 0.87·LogLength 9.8 0.019 
LogHg= -1.38 + 0.25·LogMass 10.2 0.016 
LogHg= -1.19 + 0.55·LogAge 24.8 0.000 
LogHg= -1.21 + 0.052·δ15N 2.7 0.230 

Pe
rc

h 

May 
(26) 

LogHg= -5.40 + 3.69·LogLength 62.1 0.000 
LogHg= -2.50 + 0.97·LogMass 58.3 0.000 
LogHg= -2.08 + 2.32·LogAge 51.6 0.000 

 LogHg= -2.21 + 0.21·δ15N 22.3 0.015 

Sept. 
(70) 

LogHg= -5.67 + 3.73·LogLength 76.3 0.000 
LogHg= -2.98 + 1.08·LogMass 76.9 0.000 
LogHg= -1.76 + 1.88·LogAge 71.0 0.000 
LogHg= -1.88 + 0.15·δ15N 14.3 0.001 
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Tab. 3. Hg concentration (log) as a function of length (log) and season in pike as a function of 
age (log) and season in whitefish. and of length. age and season in perch. Parameter estimates (B) 
with confidence level (CL). standardized parameter estimates (b). significance levels (P) and 
length or age adjusted means (Hgadj). 
	
  
	
  
Species Term B B. lower  

95% CL 

B. upper  

95% CL 

b P Hgadj  

(ppm ww) 
Pike Intercept -6.333 -7.338 -5.327 0.000 <0.0001  
 Dec. 2008 0.188 0.024 0.351 0.198 0.026 0.60 
 May 2010 -0.050 -0.163 0.063 -0.055 0.373 0.47 
 Sept. 2010 -0.137 -0.278 0.004 -0.143 0.056 0.43 
 Log length 1.448 1.194 1.702 0.830 <0.0001  
Whitefish Intercept -2.928 -3.184 -2.672 0.000 <0.0001  
 Dec. 2008 0.199 0.106 0.291 0.333 <0.0001 0.16 
 May 2010 -0.050 -0.166 0.066 -0.075 0.397 0.12 
 Sept. 2010 -0.149 -0.258 -0.039 -0.258 0.0084 0.11 
 Log age 0.522 0.376 0.668 0.533 <0.0001  
Perch Intercept -10.254 -12.338 -8.171 0.000 <0.0001  
 May 2010 0.155 0.039 0.271 0.148 0.001 0.35 
 Sept. 2010 -0.155 -0.039 -0.271 -0.148 0.001 0.26 
 Log length 2.548 1.702 3.393 0.541 <0.0001  
 Log age 0.740 0.283 1.197 0.326 0.002  
Pike, Hg adjusted to geometric mean length: 48.9 cm. Analysis of covariance: R2 =0.84; P<0.0001. Whitefish, Hg adjusted to geometric mean age: 
6.1 yr. Analysis of covariance: R2 =0.49; P<0.0001. Perch, Hg adjusted to geometric mean length and age: 22.8 cm. 4.4 yr. Analysis of 
covariance: R2 = 0.81; P<0.0001. 
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Fig. 1. Contour plots of mercury concentration (mg·kg-1) in perch in May (left plot) and 
September (right plot) as a function of length and age (log-transformed variables). The plots are 
based on an ANCOVA model. Growth curves (with 95% confidence interval) are superimposed 
on the plots (linear regressions on log-transformed variables). 
	
  

	
  

	
  

	
  

	
  

	
  

	
  

Fig. 2. Hg concentrations in pike as a function of length and season. The regression lines are 
based on an ANCOVA model (log-transformed variables). 
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Fig. 3. Hg concentrations in whitefish as a function of age and season. The regression lines are 
based on an ANCOVA model (log-transformed variables). 
	
  

A
cc

ep
te

d 
A

rti
cl

e



  



Paper IV 
  



 



1 23

Biogeochemistry
An International Journal
 
ISSN 0168-2563
Volume 119
Combined 1-3
 
Biogeochemistry (2014) 119:109-124
DOI 10.1007/s10533-014-9951-8

The effects of wildfire on the water
chemistry of dilute, acidic lakes in southern
Norway

Espen Lydersen, Rolf Høgberget, Clara
E. Moreno, Øyvind A. Garmo & Per
Christian Hagen



1 23

Your article is published under the Creative

Commons Attribution license which allows

users to read, copy, distribute and make

derivative works, as long as the author of

the original work is cited. You may self-

archive this article on your own website, an

institutional repository or funder’s repository

and make it publicly available immediately.



The effects of wildfire on the water chemistry of dilute,
acidic lakes in southern Norway

Espen Lydersen • Rolf Høgberget •

Clara E. Moreno • Øyvind A. Garmo •

Per Christian Hagen

Received: 6 July 2013 / Accepted: 31 December 2013 / Published online: 22 January 2014

� The Author(s) 2014. This article is published with open access at Springerlink.com

Abstract Changes in lake water chemistry were

studied for [4 years following a large wildfire in a

boreal forest area in Mykland, southern Norway, an

area characterized by thin and patchy, base-poor and

slow-weathering soils and bedrock. Accordingly, the

lakes have low acid neutralizing capacity (ANC),

calculated as the difference between the total concen-

tration of base cations ([RBC]) and strong acid anions

([SAA]). During the initial post-fire period, and

peaking about two months after the fire, the mobili-

zation of SAA from terrestrial to aquatic systems

caused a dramatic drop in ANC. In one of the lakes,

ANC dropped from about 20 to -80 leq L-1, while

[H?] and inorganic aluminum ([Ali]) increased to

38 leq L-1 (pH 4.42) and 326 lg Al L-1 (36.2 leq L-1

as Al3?), respectively. Sulfate and chloride were the

predominant anions responsible for this decline in

ANC, as the nitrate increase was small. After the

severe chemical episode, [SAA] in the lakes declined

faster than [RBC], and within about one year after the

wildfire, ANC was back to almost pre-fire values.

However, despite the fact that [SAA] also continued to

decline faster than [RBC] the following years, no

further increase in ANC was documented. The strong

ionic strength decline and the increase in TOC during

the same period have likely counteracted for the

potential ANC increase. There were large lake-to-lake

variations in water chemistry of the wildfire affected

lakes. Hydrology, geology, lake residence time and the

catchment area to lake area ratio are important

explanatory factors.

Keywords Wildfire � Climate change � Lake

water chemistry � Acidification � Southern

Norway

Introduction

Wildfire poses a threat to life, property, infrastructure

and natural resources in fire-prone areas. Each year

wildfires burn large areas of forest land around the

world (Smith et al. 2011). Recent projections of future

climate changes for the interior of many continents

suggest an increase of air temperature by 2–6 �C
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coupled with a 10–30 % decrease of summer precip-

itation (e.g. IPCC 2001; Schär et al. 2004). An increase

in drought is directly related to an increase in wildfire

occurrence (e.g. Ryan 2000; Flannigan and Wotton

2001). Thus, the question arises where and how much

various areas on earth will be affected by these

potential changes.

Prolonged drought followed by a strong rain event,

may lead to severe water chemical conditions. In

Norway Huitfeldt-Kaas (1922) documented mass

death of salmon and brown trout during such an event

in 1920. Later, many scientists have dealt with this

phenomenon (Jeffries et al. 2003; Laudon et al. 2004;

Aherne et al. 2006). Drought periods result in lower

water table in wetlands and soils, leading to oxidation

of previously stored, reduced sulfur (S), and subse-

quent efflux of oxidized S (SO4
2-) upon re-wetting. In

acid sensitive areas with high sulfur input and low acid

neutralizing capacity, severe episodic acidification of

surface waters may occur as H? and cationic Al (Aln?)

appear as predominant counter ions for SO4
2- (Dick-

son 1978; Cronan and Schofield 1979).

Besides drought, the fire itself is also an oxidation

process, which under sufficient oxygen conditions,

oxidizes organic carbon to CO2, organic S to SO2 and

organic N to NOx, similar to combustion of biofuels.

These gases are emitted to air, and after various

physical and chemical transformation processes in the

atmosphere, they precipitate as acid rain elsewhere, as

carbonic acid, sulfuric acid and nitric acids. The

combustion remains, left in the wildfire area are

mineralized, alkaline ash products, rich in base

cations, phosphate, chlorides, heavy metals (Eriksson

et al. 2003; Kelly et al. 2006) and pyrolytic polycyclic

aromatic hydrocarbons, PAH (Finkelstein et al. 2005).

Wildfire leads to increased runoff (Schindler et al.

1980; Bayley et al. 1992b), mainly due to reduced

evapotranspiration. Particle transport to surface waters

also increases, due to both increased runoff and

increased erosion (Beaty 1994; Karr et al. 2004).

Higher turbidity will temporarily increase the light

extinction coefficient and water transparency during

flood episodes. These effects are very dependent on

time after the wildfire, as the increased particle load to

surface water declines rapidly, while total organic

carbon (TOC) gradually increases again as new

allochthonous material is produced (Carignan et al.

2000). The first period after wildfire, the primary

production may also affect these parameters, due to

the increased supply of N, P and base cations to lakes

following wildfire (Planas et al. 2000).

Increases in major base cations, strong acid anions,

ammonia, total N and total P in surface water have

been reported from many wildfire studies (Schindler

et al. 1980; Lamontagne et al. 2000; Carignan et al.

2000; Bayley et al. 1992a, b; Eriksson et al. 2003).

Studies documenting significant reduction in pH and

ANC (Bayley et al. 1992b; Eriksson et al. 2003) are

related to areas with natural base-poor soils and low

weatherable rocks. Some of the severe acidification

reported from a wildfire in Sweden (Eriksson et al.

2003) is attributed to use of brackish water for

firefighting, causing an additional sea-salt effect, an

acidification phenomena well described earlier (Hin-

dar et al. 1994; Lydersen and Henriksen 1995;

Nystroem et al. 1995).

In this paper we report water chemical effects on six

lakes in a very acid sensitive area of southern Norway,

impacted by a large wildfire in June 2008. Both short-

term and long-term chemical effects ([4 years) of the

wildfire on lakes were studied.

Materials and methods

The wildfire area was located in Froland municipality,

Aust-Agder county, southern Norway, (Fig. 1). The

wildfire started on June 9, 2008 and lasted 1 week.

Almost 2,600 ha of forest and wilderness were almost

totally damaged, and 120,000 m3 of forest were lost.

Six lakes investigated were within the wildfire area,

while three reference lakes were located nearby the

impacted area. The control lakes were primarily

selected according to the following criteria:

• Proximity to the wildfire affected area

• Negligible influence by land-use and silviculture

• Accessibility by road for use of boat

During the investigated period, powdered lime-

stone was unexpectedly dumped into a stream entering

Lake Svarttjenn in September 2009, with significant

effects on Ca2?, pH and alkalinity both during 2009

(Table 1) and 2010. Another control lake, Lake

Melestjenn showed unusually high concentrations of

Na? and Cl-, due to sporadic road salting at icy

conditions during the winter (Table 1). The remaining

control lake, Lake Jordtjenn has not been significantly

affected by human activities during the monitoring
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Fig. 1 Map of the wildfire

area (red) in Mykland, Aust-

Agder County, Norway,

showing locations of the

studied lakes inside (1–6)

and outside (7–9) the

wildfire area. Open circles

indicate the sampling site in

the lakes. 1: Lake

Fisketjenn, 2: Lake

Hundsvatn, 3: Lake Øyvatn,

4: Lake Grunnetjenn, 5:

Lake Heitjenn, 6: Lake

Rasvassvatn, 7: Lake

Jordtjenn, 8: Lake

Svarttjenn, 9: Lake

Melestjenn. (Color figure

online)

Table 1 Median water chemistry in the control lakes in 2009 and 2012

Parameter Unit Jordtjenn Jordtjenn Svarttjenn Svarttjenn Melestjenn Melestjenn

2009 2012 2009 2012 2009 2012

H25 mS m-1 1.79 1.88 1.61 1.92 1.82 2.87

H? leq L-1 6.0 2.6 3.2 4.6 3.9 5.1

Ca2? leq L-1 47 42 73 46 59 62

Mg2? leq L-1 25 28 26 27 26 29

Na? leq L-1 76 65 69 65 93 122

K? leq L-1 9.5 6.9 9.0 5.9 2.8 5.9

NH4
?–N leq L-1 3.2 2.3 3.9 2.3 6.9 3.3

SO4
2- leq L-1 43 39 35 32 15 30

Cl- leq L-1 66 72 65 69 99 141

NO3
-–N leq L-1 2.2 1.4 2.6 1.1 3.7 1.9

SO4* leq L-1 35 31 27 26 5.0 16

RBC* leq L-1 85 67 102 62 80 68

TOC mg C L-1 5.9 6.0 7.1 7.4 7.4 9.9

ANC leq L-1 49 29 74 33 67 51

Total-N lg N L-1 309 305 298 356 488 460

Ala lg Al L-1 145 111 122 143 120 170

Alo lg Al L-1 103 74 95 108 102 127

Ali lg Al L-1 34 35 27 39 26 36
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period, until the winter 2011/2012 when a substantial

clear-cut was conducted, but chemical lake effects of

this logging have so far not been detected (Table 1).

There are no pre-wildfire water chemistry data from

the 6 affected lakes and the 3 control lakes. We thus

compared the initial wildfire effects on lakes with a

nearby long-term monitoring site, Birkenes, located

about 31 km southwest from the wildfire area. At this

site, dry and wet deposition has been monitored daily

by the Norwegian Institute for Air Research, while

freshwater has been monitored weekly by Norwegian

Institute for Water Research since the early 1970s.

As the Birkenes site is located closer to the sea

(20 km from the coast) compared with the wildfire

area (about 50 km from the coast), the comparison of

Na? and Cl- with Birkenes is omitted. In addition, the

low acid neutralizing capacity (ANC) at Birkenes,

implies generally lower pH and higher concentrations

of inorganic Al (Ali) at this site compared to the

expected pre-fire levels in the wildfire affected area

(Table 2). Despite these limitations, it was of interest

to compare the chemical effects of wildfire on lakes in

Mykland area with the Birkenes site, as this site

historically has been the most acid rain impacted

monitoring site in Norway. Thus, we decided to use

Lake Jordtjenn and the Birkenes site as the main

reference sites for the comparison with the wildfire

affected sites.

Site description

Since the main lakes in the wildfire area have been

artificially limed, we decided to only investigate wild-

fire affected lakes located upstream the limed lakes.

The lakes are located between 229 and 464 m a.s.l.,

and all lakes drain to the River Tovdal, the cradle of

acid rain research in Norway (Drabloes et al. 1980;

Sevaldrud et al. 1980). Average annual precipitation in

the area is 1,150–1,200 mm and average evapotrans-

piration 30–36 %. The residence time of the lakes

varied from 0.059–3.2 years (Table 3). The catch-

ments of all wildfire affected lakes investigated were

totally located within the wildfire area (Fig. 1), except

for Lake Rasvassvatn, where &10 % of the catchment

was outside the wildfire area.

Lake Heitjenn, Lake Fisketjenn and Lake Øyvatn

are all headwater lakes. Lake Grunnetjenn and Lake

Hundsvatn are the first and second downstream lakes

Table 2 Lake water chemistry in the wildfire affected Lake

Hundsvatn and Lake Rasvassvatn, during the rain event in

August 2008, compared with the nearby long term monitoring

site at Birkenes, and the water chemistry in the same wildfire

affected lakes and the least anthropogenic affected control

lake, Lake Jordtjenn, in August 2012, [4 years after the

wildfire

Parameter Unit Hundsvatn Rasvassvatn Birkenes Hundsvatn Rasvassvatn Jordtjenn

August 2008 August 2012

H? leq L-1 38 17 20 3.8 4.2 1.4

Ca2? leq L-1 146 60 28 26 20 42

Mg2? leq L-1 114 63 16 26 30 30

Na? leq L-1 125 84 118 48 48 57

K? leq L-1 70 33 1.0 4.4 9.5 6.1

NH4
? leq L-1 19 11 0.4 0.7 0.7 2.1

SO4
2- leq L-1 367 160 55 31 50 31

Cl- leq L-1 165 114 116 65 68 73

NO3
- leq L-1 2.8 5.4 1.2 0.7 5.7 1.7

RBC* leq L-1 272 115 35 32 32 54

SO4* leq L-1 350 149 43 25 43 24

TOC mg C L-1 5.0 2.6 7.1 6.4 3.6 6.0

ANC leq L-1 -80 -39 -9 7 -17 29

Tot-N lg N L-1 710 445 235 276 248 259

Ala lg Al L-1 368 295 310 77 79 74

Alo lg Al L-1 42 22 141 51 42 55

Ali lg Al L-1 326 273 169 27 37 19
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from Lake Heitjenn, while Lake Fisketjenn drains into

Lake Hundsvatn.

Lake Melestjenn is a headwater lake. Lake Ras-

vassvatn (173 m a.s.l.) has a headwater lake about

1 km east from the lake, 332 m a.s.l., with its

catchment totally influenced by the wildfire. Lake

Jordtjenn has a small headwater lake &1 km north-

east from the lake, and Lake Jordtjenn drains into Lake

Svarttjenn.

The wildfire area is characterized by slowly

weatherable Precambrian rocks (granites and gneis-

ses), thin and patchy soil cover, often with peat marsh

and bogs in the bottom of the valleys and in other

depressions of the catchments. Locally some more

weatherable, base cation richer bedrocks occur as

hypabyssal pegmatite rocks. The vegetation is dom-

inated by various heather species with Norwegian pine

(Pinus sylvestris) and birch (Betula pubescens) as

predominant trees, with stands of aspen (Populus

tremula) on south facing hillsides, and Norwegian

spruce (Picea abies) in more productive areas.

Precipitation data come from a local weather

station at Mykland, just outside the wildfire area,

while air temperature data were taken from Nelaug,

17 km east from the wildfire area. Both weather

stations are operated by the Norwegian Meteorolog-

ical Institute.

Sampling and chemical analysis

For two of the wildfire affected lakes, Lake Hundsvatn

and Lake Rasvassvatn, water samples were taken on

June 25, 2008 (nine days after the fire), on July 9,

2008, during a rain event on August 13, 2008, and on

October 30, 2008 (Høgberget 2010), after lake turn-

over. For Lake Øyvatn, another wildfire affected lake,

only one sample was taken in 2008 (on July 16). The

control lakes outside the wildfire affected area were

not sampled in 2008.

Six lakes within the wildfire area (including Lake

Hundsvatn and Lake Rasvassvatn), and three control

lakes outside the wildfire area, were monitored monthly

from May 19, 2009 to late October 2012. Water samples

were collected with a Limnos sampler, transferred to

prewashed polyethylene bottles, and stored cold in a

darkroom until analyzed. Ion exchange fractionation of

aluminum was conducted in field according to Driscoll

(1984). Conductivity, pH, alkalinity and Al-fractions

were determined within one day after sampled. The

analytical methods are given in Table 4.

Calculations

Aluminum (Al) was fractionated according to the

Barnes/Driscoll method (Barnes 1975; Driscoll 1984).

Two Al-fractions were measured: total monomeric Al

(Ala) and organic monomeric Al (Alo). Based on these

fractions, inorganic monomeric Al (Ali) was calcu-

lated as Ala–Alo.

Alkalinity (leq L-1) was determined by acid

titration (with HCl) down to pH 4.5, and the alkalinity

was corrected for pH by the following expression:

Alkcorrected ¼ Alkmeasured � Hþ½ �pH:4:5� Hþ½ �
pH:original

� �

Acid neutralizing capacity (ANC) was calculated on

equivalent basis (eq L-1) according to Reuss and

Johnson (1986), i.e.:

Table 4 Parameters and

analytical methods used
Parameter Unit Reference

pH -log[H?] NS 4720, 1979, 2. Edition

Conductivity mS m-1 NS-ISO 7888, 1993, 1. Edition

Alkalinity mmol L-1 NS 4754 (described in Ch.2.3)

Ca2?, Mg2?, Na?, K?, Cl-, SO4
2- mg L-1 Ionchromatograpy (Dionex IC 1100)

NO3
-–N, NH4

?–N lg L-1 Ionchromatography (Dionex IC 1100)

Total nitrogen lg N L-1 Persulfate oxidation, FIA: Tecator ASN

110-03/92

Total phosphorous lg P L-1 NS 4725, 3. Edition, 1984

Total organic carbon lg C L-1 ISO 1487, TOC analyzer: OI Analytical-1010

Total monomeric Al lg L-1 Barnes/Driscoll (Barnes, 1975; Driscoll, 1984)

Organic monomeric Al lg L-1 Barnes/Driscoll (Barnes, 1975; Driscoll, 1984)
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ANC½ � : R Ca2þ� �
; Mg2þ� �

; Naþ½ �; Kþ½ � �R SO2�
4

� �
;

NO�3
� �

; Cl�½ �Þ

The concentration of non-marine SO4
2- (SO4*) and

non-marine base cations (Ca*, Mg*, Na* and K*) was

calculated by subtracting a marine fraction estimated

from the ion equivalent ratio to Cl- in seawater (Weast

1988):

SO�4 ¼ SO2�
4

� �
� 0:103 Cl�½ �;

Ca� ¼ Ca2þ� �
� 0:037 Cl�½ �;

Mg� ¼ Mg2þ� �
� 0:195 Cl�½ �;

Na� ¼ Naþ½ � � 0:859 Cl�½ �;
K� ¼ Kþ½ � � 0:0181 Cl�½ �

As the macro-chemical effects of wildfire on surface

waters, basically deals with the relationship between

effects of strong acids (basically SO4*) and catchment

derived base cations (RBC*), much of the macro-

chemical interpretation in this paper is based on this

non-marine relationship.

Statistics

As the initial water chemical response of wild fire and

the subsequent changes during the first post-fire years

are very clear for many macro compounds, we have

used the Regional Kendall Test (Helsel and Frans

2006) to test for significant post-fire time trends

(P \ 0.05) during the period 2009–2012, i.e. from one

to four years after the fire. In this test, the six wildfire

affected lakes were defined as one region (‘‘Inside’’),

while the three control lakes were defined as another

region (‘‘Outside’’). The Regional Kendall Test pro-

vides a median slope and a P value for the time trends

significance, and was performed using annual mean

values from each lake as input. For other mathematic

calculations, Minitab 16 Statistical software program

was used.

Results

Initial wildfire effects

After a rain event at the very beginning of May 2008,

when 73.5 mm of rain was recorded from April 28 to

May 2, only 0.4 mm of rain fell over the Mykland area

before the wildfire started on June 9 (Fig. 2).

The first water samples from the wildfire affected

lakes were taken June 25, 9 days after the fire was

extinguished. Prior to this water sampling, the area had

received substantial amounts of rain, i.e. 66 mm

(Fig. 2). Compared with the Birkenes site, the first

water samples from the wildfire affected lakes,

sampled June 25 and July 7, showed significant

increases in strong acid anions (SAA), primarily

sulfate and chloride, and base cations and ammonia,

but only minor changes in pH and inorganic alumi-

num, Ali (Figs. 3, 4).

The most extreme water chemical conditions in the

wildfire impacted lakes came on August 13, during a

strong rain event (119 mm), almost two months after

the fire. During this event, non-marine sulfate [SO4*]

in Lake Hundsvatn was 350 leq L-1,[8 times higher
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than Birkenes. In Lake Rasvassvatn [SO4*] was

149 leq L-1, 3.5 times higher than at Birkenes

(Table 2). Birkenes, the most acid rain impacted

monitoring site in Norway, have never shown such

high SO4* concentrations since the monitoring started

in 1973. Only a few events with [SO4*][200 leq L-1

have been registered at Birkenes, all of them during

the most severe acidification time period, i.e. before

1986 (Fig. 5).

During the August peak, [RBC*] in Lake Hunds-

vatn was 272 leq L-1 (Fig. 5), about eight times

higher than at Birkenes (35 leq L-1), while [RBC*] in

Lake Rasvassvatn was 115 leq L-1,[3 times higher

than at Birkenes. While the ANC value at Birkenes

was -8.8 leq L-1, ANC was -80 and -39 leq L-1

in Lake Hundsvatn and Lake Rasvassvatn, during this

episode (Table 2). The strong decreases in ANC in

Lake Hundsvatn caused an almost twofold increase in

the concentration of H? and inorganic aluminum (Ali)

compared with Birkenes, i.e. 20 leq H? L-1 (pH 4.7)

and 169 lg Ali L-1 (19 leq L-1 as Al3?) at Birkenes,

compared with 38 leq H? L-1 (pH 4.4) and
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326 lg Ali L-1 (36 leq L-1 as Al3?) in Lake

Hundsvatn. The H? concentration in Lake Rasvassvatn

(17 leq L-1, pH 4.8), was very similar to the level at

Birkenes, but the Ali concentration was substantially

higher in Lake Rasvassvatn, 273 lg Al L-1 (30 leq L-1

as Al3?). The concentrations of total monomeric

aluminum (Ala) were about equal at the three sites, i.e.

368, 295 and 310 lg Al L-1 in Lake Hundsvatn, Lake

Rasvassvatn and Birkenes, respectively (Table 2).

Potassium (K?) showed the strongest relative

increase after the wildfire. The concentration in Lake

Hundsvatn was 70 leq L-1, &70 times higher than

Birkenes (Table 2). However, [K?] had the lowest

concentration of the four major base cations.

At the extreme water chemical conditions in

August 2008, relatively low levels of both [NH4
?],

11–19 leq L-1, and particularly [NO3
-], 3–5 leq L-1,

were observed in the wildfire affected lakes

(Table 2). The concentrations of total phosphorous

(Tot-P) in the lakes during the first post-fire year were

relatively low, i.e. annual means of 7.6 ± 2.1 and

5.3 ± 0.4 lg P L-1 in Lake Hundsvatn and Lake

Rasvassvatn, respectively. As the Regional Kendall

test indicated significant decreases in Tot-P in the

wildfire affected lakes (slope: -0.46 lg L-1 year-1;

P = 0.004) and not in the control lakes during the

postfire period 2009–2012, we conclude that the

wildfire probably caused a minor increase in Tot-P

during the first post-fire year.

Similarly, as the Regional Kendall test indicated

significant increases in TOC in wildfire affected lakes

(slope: -0.23 mg C L-1 yr-1; p = 0.038) and not in

the control lakes during the post-fire period

2009–2012, we assume a decrease in TOC during

the first post-fire year, perhaps a consequence of

combustion of organic matter with subsequent reduced

transport of allochthonous matter into the lakes.

Between the wildfire and start of the main moni-

toring on May 19, 2009, the lakes went through two

turnovers (autumn 2008 and spring 2009) and one

snowmelt period (spring 2009). During this period, the

concentrations of ions have declined dramatically

from the peak observed in August 2008. The electro-

lytic conductivity (J25) declined by 67 % in Lake

Hundsvatn, i.e. from 8.04 mS m-1 in August 2008 to

2.67 mS m-1 in May 2009. The corresponding

decrease in Lake Rasvassvatn was 29 %, from 4.21

to 2.98 mS m-1. The largest percentage decreases

were shown by H?, NH4
?, Ali and SO4

2- (and SO4*)

in Lake Hundsvatn, all with decreases [70 % from

August 2008 until May 2009. Only NO3
- showed an

increase in Lake Hundsvatn during the same time

period, but the increase from 3 to 12 leq L-1, is of

minor importance for the macro-chemistry in the lake.

As the decrease in [RBC*] in Lake Hundsvatn from

August 2008 to May 2009, was much smaller

(-177 leq L-1) compared with the decrease in [SO4*],

-265 leq L-1, a large increase in ANC occurred in this

lake during this period, i.e. from -80 leq L-1 in August

2008, to &0 leq L-1 in May 2009.

The largest percentage decreases in Lake Rasvass-

vatn from August 2008 to May 2009, were observed

for [NH4
?] (-85 %), [Ali] (-47 %) and [H?]

(-44 %), but the largest absolute decrease in equiv-

alents was documented for [SO4*], which decreased by

54 leq L-1, corresponding to a percentage decrease of

35 %. As in Lake Hundsvatn, the NO3
- levels were

generally low, and an increase was recorded from

August 2008 to May 2009. The concentration of RBC*

in Lake Rasvassvatn was slightly higher (7.1 %) in

May 2009 compared with August 2008. As [SO4*]

decreased significantly during the same time interval,

ANC increased from -39 leq L-1 in August 2008 to

16 leq L-1 in May 2009.

Long term trends in water chemistry of the wildfire

affected lakes

The most severe water chemical conditions and the

most significant water chemical recovery from the fire,

occurred within the first post-fire year. In August 2012,

[4 years after the fire, RBC* and SO4* were reduced

by 88 and 93 %, respectively in Lake Hundsvatn, and

by 72 and 71 % in Lake Rasvassvatn compared with

August 2008.

Based on the Regional Kendal test, no significant

chemical trends were found in the control lakes during

the period May 2009–October 2012, except for a

significant decreases in [Ca2?], [RBC*] and ANC, as a

direct consequence of the unplanned liming of an inlet

stream of Lake Svarttjenn in August 2009.

For the four wildfire affected lakes with the highest

ANC values, Lake Øyvatn, Lake Grunnetjenn, Lake

Hundsvatn and Lake Rasvassvatn, larger decreasing

rates were calculated for [SO4*] compared [RBC*]

during the period May 2009–October 2012 (Table 5).

For the remaining two lakes with the lowest ANC,

Lake Fisketjenn and Lake Heitjenn, somewhat
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stronger decreases were documented in [RBC*]

compared with [SO4*] during the same time period

(Table 5). However, only Lake Grunnetjenn exhibited

a significant (P = 0.045), change in ANC (decreasing

trend) during period May 2009–October 2012 (Fig. 6).

Based on the Regional Kendal test, significant

decreases in Tot-N (-53 lg N L-1 year-1,

P = 0.008) and NO3
- (-2 leq N L-1 year-1,

P = 0.0001) occurred from 2009 to 2012, while the

decrease in NH4
? was not significant (P = 0.071).

The highest post-fire concentrations of NH4
? and

NO3
-, did not occur during the extreme conditions in

August 2008, but during later snow melt episodes. The

highest concentrations of NH4
? came during snow-

melt in 2010 and 2011 (Fig. 4), with concentrations of

&20 leq L-1 in Lake Hundsvatn and &30 leq L-1

in Lake Rasvassvatn, while the highest NO3
- con-

centrations came during the initial snow melt in Mars

2011, with concentrations of &35 and &25 leq L-1

in Lake Rasvassvatn and Lake Hundsvatn, respec-

tively (Fig. 3).

Discussion

Post-fire effects on water quality can be highly

variable depending on factors such as hydrological

regime, topography, geology, fire-size, fire-intensity,

lake morphometry, the ratio of catchment to lake area,

and water residence time (Ranalli 2004; Carignan

et al. 2000). The relatively large differences in

chemical response between lakes within the Mykland

wildfire area, as well as large chemical variations in

surface water responses of wildfires reported else-

where (e.g. Smith et al. 2011), are primarily explained

by these variables.

Table 5 Calculated concentration (leq L-1) and half-life for non-marine base cations (RBC*) and non-marine SO4* in the 6 wild

fired affected lakes from May 2009 (Ct=0) to October 2012 Ct=end, assuming first order reaction kinetic decay patterns

Lake Parameter Ct=o

(leq L-1)

Ct=end

(leq L-1)

slope (k) SE k r2 t1/2 (days) t1/2 (years)

Heitjenn BC* 100 17 -1.4E-03 1.8E-04 0.63 495 1.36

Heitjenn SO4* 75 17 -1.2E-03 8.6E-05 0.84 590 1.62

Fisketjenn BC* 98 27 -1.0E-03 1.8E-04 0.46 673 1.84

Fisketjenn SO4* 71 24 -8.5E-04 9.5E-05 0.68 818 2.24

Grunnetjenn BC* 153 49 -9.2E-04 1.0E-04 0.68 756 2.07

Grunnetjenn SO4* 89 25 -1.0E-03 9.6E-05 0.76 679 1.86

Hundsvatn BC* 109 44 -7.2E-04 9.4E-05 0.60 961 2.63

Hundsvatn SO4* 78 25 -9.1E-04 7.0E-05 0.82 759 2.08

Rasvassvatn BC* 112 48 -6.8E-04 9.3E-05 0.58 1017 2.79

Rasvassvatn SO4* 101 35 -8.4E-04 9.2E-05 0.68 828 2.27

Øyvatn BC* 152 97 -3.6E-04 7.6E-05 0.38 1936 5.30

Øyvatn SO4* 72 36 -5.5E-04 1.0E-04 0.43 1270 3.48

k slope of the equations, SE k standard error of k. P \ 0.05 for all regressions
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based on the decay constants of BC and SAA presented in

Table 5. Only the trend in ANC of Lake Grunnetjenn is

significant (P = 0.045)
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The wildfire in Mykland occurred in an area

dominated by thin and patchy, base-poor and weath-

ering resistant soils and bedrock. Thus, low ANC

values in surface water are typical for this area. The

long drought period (&1 month) followed by a

1 week-long wildfire, provided excellent conditions

for sulfide oxidation within the catchments. Combined

with the large mineralization of organic matter and

killing of the vegetation, as direct effects of the

wildfire, a substantial pool of inorganic cations and

anions was ready to be mobilized from terrestrial to

aquatic systems during the first rain events. However,

the most extreme water chemical conditions did not

occur during the first rain events, probably because the

soil water first had to be replenished, and runoff was

minor. This peak in water chemistry came at the end of

a strong rain event, two months after the fire, and was

likely the result of a strong flush of wildfire impacted

water from the catchments to the lakes.

For the two wildfire affected lakes sampled during

this extreme episode, Lake Hundsvatn and Lake

Rasvassvatn, the most extreme chemical conditions

were seen in Lake Hundsvatn, likely because of the

high catchment-to-lake area ratio (17.6), compared

with Lake Rasvassvatn (1.38). The significant delay in

water chemical response after the fire and the varia-

tions in this delay, might be explained by factors such

as post-fire hydrologic status of the catchments and

lake residence times, factors which have received little

attention in earlier studies of wildfire effects on

surface waters. Ferreira et al. (2005) studied mecha-

nisms driving hydrological and solute movement

processes from terrestrial to aquatic systems as they

change with time following forest fire, and Chessman

(1986) reported time-variations in peak response of

nitrate in various wildfire affected streams in south-

eastern Australia.

As in our study, many articles have documented

significant peaks in strong acid anions ([SAA]: SO4
2-,

Cl- and NO3
-) and base cations ([RBC]: Ca2?,Mg2?,

Na? and K?) in lakes and streams during the initial

post-fire period (Bayley et al. 1992b; Carignan et al.

2000; Eriksson et al. 2003; Mast and Clow 2008;

Smith et al. 2011), but the peak concentrations and the

relative increases compared with pre-fire values,

particularly in Lake Hundsvatn (Table 2), are among

the highest reported in the literature, especially [K?]

(peak: 70 leq L-1; 70-fold increase) and [SO4
2-]

(peak: 367 leq L-1; 8.2-fold increase). This indicates

a very intense wildfire, with significant mineralization

of organic matter and killing of vegetation within this

acid sensitive area, heavily impacted by acid deposi-

tion for decades (Schartau et al. 2012). Bayley et al.

(1992b) reported a peak concentration of SO4
2-

(634 leq L-1) in a stream in Ontario, Canada,

following a wildfire in 1980. The background

concentration of SO4
2 in this stream in 1980 was

59.7 leq L-1, which is about twice the background

levels of that present in the lakes within the Mykland

area in 2012. But the very high peak concentration of

sulfate in the wildfire affected streams in Canada in

1980, might also be attributed in part to acid deposi-

tion. As a result of the significant declines in sulfur

emissions in Europe since 1980, the SO4* concentra-

tion in southern Norway has declined by 70–80 %

from 1980 to 2012 (Aas et al. 2012).

The concentration peaks in Na? and Cl-

([Na?] = 125 leq L-1, [Cl-] = 165 leq L-1) in the

wildfire affected lakes, were also relatively high

compared with many other studies. Both background

and post-fire peak concentrations of these ions are very

dependent on the distance from the sea, the main source

for these constituents. The far most extreme Na? and

Cl- conditions reported, are from wildfire affected

streams in Tyresta, Sweden, August 1999 (Eriksson

et al. 2000), but due to large amounts of brackish water

used during the fire-fighting operations (Eriksson et al.

2003), their data are not directly comparable with most

other wildfire impacted surface waters.

ANC in Lake Hundsvatn was 11 leq L-1 on June

25, 9 days after the fire. By July 9, ANC had declined to

-3 leq L-1, and then dropped to -80 leq L-1 on

August 13, during the 3rd post-fire rain event,

2 months after the fire. A decrease in ANC due to

faster mobilization of strong acid anions (Cl- and

particularly SO4
2-) compared with base cations during

the initial post-fire period, has earlier been described in

base-poor boreal forest streams in Ontario, Canada

(Bayley et al. 1992b). They reported a mean annual

ANC decrease of 20 % compared with the mean ANC

value of the last pre-fire year, but the annual mean ANC

value was still positive. However, even though not

commented on in their study, we assume that a severe

decline in ANC must have occurred during the extreme

peak in SO4
2- (634 leq L-1) reported soon after the

wildfire.

After the initial post-fire period, [SO4*] decreased

faster than [RBC*] in Lake Hundsvatn water the
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following months. Theoretically, assuming first order

decay patterns (Table 6), [RBC*] was equal to [SO4*]

in Lake Hundsvatn, i.e. ANC = 0, 150 days

(&5 months) after the severe drop in ANC in August

2008. This means that predominantly positive ANC

values were re-established in Lake Hundsvatn five

months after the extreme water chemical peak, seven

months after the fire. In May 2009, almost one year

after the wildfire, ANC was back to almost pre-fire

values, i.e. ANC & 20 leq L-1 (Fig. 6).

From May 2009 to October 2012, the concentra-

tions of [SO4*] decreased faster than [BC*] in four of

the six wildfire affected lakes, but without any

significant increase in ANC in five of the lakes. Only

Lake Grunnetjenn showed a significant declining trend

(P = 0.045) in ANC during this period. In the two

lakes with lowest ANC, Lake Fisketjenn and Lake

Heitjenn, the concentration of RBC* declined some-

what faster than [SO4*] (Table 5), but in neither of

these lakes significant ANC trends were observed

from May 2009 to October 2012 (Fig. 6). The most

reasonable explanations for no significant ANC

changes in lakes after the first post-fire year, are likely

an interplay between several factors that decrease

ANC as:

• Faster decrease in [RBC*] in surface water com-

pared with [SO4*], after the chemical post-fire

peak, as recorded in two of the wildfire affected

lakes, implies a gradual ANC decrease by time.

• Significant decrease in ionic strength in surface

water after a wildfire, implies a pure dilution

effect, which per se implies a decrease in ANC by

time when the ANC is positive.

and factors that increase ANC as:

• Faster decrease in [SO4*] in surface water com-

pared with [RBC*], after the chemical post-fire

peak, as recorded in 4 of the wildfire affected lakes,

implies a gradual ANC increase by time.

• Significant decrease in ionic strength in surface

water after a wildfire, implies a pure dilution

effect, which per se implies an increase in ANC by

time when the ANC is negative.

• The significant increase in TOC observed in the

wildfire effected lakes (Table 6) after the first post-

fire year, should gradually lead to an ANC increase

by time, due to increased concentration of weak

organic acids and the fact that increase in TOC also

implies increase in base cations and subsequent

increase in ANC (Lydersen et al. 2004).

In addition, the relative trends in [Cl-] and [Na*]

affect trends in ANC.

Despite very low pH and high concentrations of Ali,

the toxic, inorganic, cationic forms of Al (Schofield

1977; Dickson 1978) during the extreme event in

August 2008, the concentrations of total monomeric

aluminum (Ala) were very similar in Lake Hundsvatn,

Lake Rasvassvatn and Birkenes, i.e. 368, 295 and

310 lg Al L-1 (Table 2). The most likely reason for

the much higher Ali in the wildfire affected lakes

compared with Birkenes, is a combination of decrease

in organic matter and a substantial increase in sulfuric

acid (pH decrease) as direct effects of oxidation of

organic and inorganic compounds within the wildfire

area.

Little data exists on pH, ANC and aluminum in

surface water after wildfires. In the Tyresta wildfire in

Sweden, where brackish water was used during the

fire-fighting, one of the least affected streams, showed

a pH decrease to pH 4.5 and an Ali increase to

330 lg Al L-1 (Eriksson et al. 2003), conditions very

similar to the levels observed during the post-fire peak

in Lake Hundsvatn 2008. The extreme low pH and

ANC and the very high concentrations of Ali measured

Table 6 Calculated concentration decreases (leq L-1) in non-

marine base cations (BC*) and non-marine sulfate (SO4*) from

August 2008 to August 2009 (n = 6), and from 2009 to August

2012 in Lake Hundsvatn, showing different first order reaction

decays for the two periods, Ct=0 and Ct=end is the measured

concentrations at the start and the end of the calculated periods

Period Ct=o Ct=end k SE k r2 p t1/2 (days) t1/2 (years)

Aug08–Aug09 BC* 272 103 -2.21E-03 5.02E-04 0.83 0.012 314 0.86

SO4* 350 66 -3.87E-03 6.06E-04 0.91 0.003 179 0.49

Aug09–Aug12 BC* 103 32 -7.36E-04 1.22E-04 0.52 0.000 942 2.58

SO4* 66 25 -8.62E-04 8.90E-05 0.73 0.000 804 2.20

k slope of the equations, SE k standard error of k
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in Lake Hundsvatn (pH: 4.42; ANC: -80 leq L-1;

Ali: 326 lg Al L-1) and Lake Rasvassvatn (pH: 4.76;

ANC: -39 leq L-1; Ali: 273 lg Al L-1) should be

lethal for fish species such as perch and brown trout

(Lydersen et al. 2002, 2004), fish species present

within the wildfire area. However, no significant fish

death has been reported. There might be several

reasons for this. Lack of documentation as very few

people were in the area at that time, the extreme water

chemical episode was too short to have substantial

lethal impact and/or fish might have migrated down

into the marginal wildfire affected hypolimnion water,

as both lakes were temperature stratified at that time of

the year.

Large post-fire variations in export of N and P from

different forest environments to aquatic systems, are

reported in the literature (Smith et al. 2011). In our

study, increases in NO3
-, NH4

?and total N were seen

during the first extreme water chemical peak in August

2008, but the concentrations were still relatively low.

The low initial post-fire increases in N-compounds,

followed by higher levels of these compounds during

winter and snowmelt in the first post-fire years in our

study, are also reported in other wildfire studies

(Bayley et al. 1992b; Carignan et al. 2000; Mast and

Clow 2008). One exception is the lack of effects of

NH4
? in streams after the wildfire in Glacier National

Park, Montana, reported by Mast and Clow (2008). As

there are no comparable pre-fire values of total

phosphorous (Tot-P), we cannot quantify the imme-

diate wildfire effects, but the concentrations of Tot-P

in the lakes during the first post-fire year were

relatively low. Most wildfire studies document an

increase in Tot-P during the initial post-fire period,

followed by a gradual decrease again back to pre-fired

levels during a few years (Ranalli 2004).

The fact that nitrate concentrations remained ele-

vated in winter, especially related to snowmelt

episodes during the three first post-fire winters, and

fell back to pre-fire concentrations in the growing

season, two years after the wildfire, are time patterns

very similar to that observed by Mast and Clow

(2008). Thus, two years after the wildfire, the

N-uptake by vegetation has increased sufficiently to

return concentrations to near background levels during

the growing season.

The moderate concentration increases in NO3
- and

NH4
? observed after wildfire in Mykland, agree well

with earlier studies of wildfire affected streams in

base-poor boreal forest systems in Ontario, Canada

(Bayley et al. 1992b) and in northern subalpine rocky

mountains areas in Montana, USA (Mast and Clow

2008), and in wildfire affected lakes from boreal

subarctic areas in northern Alberta (McEachern et al.

2000). There might be several causes for only

moderate increases of nitrogen compounds in wildfire

impacted surface waters:

• Very good oxidation conditions during the wildfire

imply large amounts of NOx emissions to the

atmosphere and subsequent large transport of NOx

gases out of the catchments.

• Boreal forests are nutrient poor environments

particularly low in N (Foster and Morrison 1976;

Gosz 1981).

• Soils are too shallow to allow nutrients to leach

below the rooting zone. Accordingly, most of the

nutrients are probably retained by the new vege-

tation (Bayley et al. 1992b)

Regarding TOC, there are no comparable pre-fire

data for evaluation of immediate effects of wildfire,

but the significant increase in TOC observed from

May 2009 to October 2012, indicates an initial TOC

decrease, which might be directly related to combus-

tion of organic matter during wildfire, and the

subsequent increase in TOC the following years as

new vegetation is gradually re-established in the area.

Similar post-fire trends in TOC in surface water have

also been documented in other studies (McEachern

et al. 2000; Carignan et al. 2000).

Conclusion

The wildfire in Mykland occurred in an area basically

consisting of thin and patchy, base-poor soils and

slowly weatherable rocks.

The most severe chemical conditions in wildfire

affected surface waters occurred during some of the

first post-fire rain events, but the amount of rain in

relation to the hydrological status of the catchment

prior to these events, and lake residence time, are

decisive factors regarding when the most extreme

water chemical conditions arise in surface waters

affected by wildfire.

During the first post-fire hydrological episodes,

strong acid anions as Cl- but primarily SO4
2-, are

mobilized significantly faster from terrestrial to
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aquatic systems compared with base cations (RBC),

which means that the acid neutralizing capacity (ANC:

[RBC]–[SAA]) of lakes decline. For lakes with low

pre-fire ANC values, significant drops in ANC down

to very low negative values might occur, with

subsequent increase in [H?] and toxic inorganic Al

[Ali] to levels potentially harmful to aquatic life. In

lakes with higher pre-fire ANC values, the drop in

ANC during the first post-fire period is too small to

cause severe acidification, and therefore harmless to

aquatic life. Normal ANC values seem to be reestab-

lished relatively fast in wildfire affected lakes, often

within the first post-fire year.

After the extreme, post-fire water chemical peak,

the main mobile anions (Cl- and SO4
2-) decreased

faster than RBC. This combined with increase in TOC

should imply a potential increase in ANC with time

after fire in wildfire affected lakes. However, at the

same time, the continuous dilution effect back to pre-

fire levels, might counteract this potential ANC

increase. This might explain why no ANC increase

was seen in five of the six wildfire affected lakes, from

one year after the fire and the next three post-fire years.

Increases in nutrients, N and P, and decreases in TOC

in surface water during the initial post-fire period,

followed by a gradual decrease in N and P and increase in

TOC during the next post-fire years, have also been seen

in surface waters from other wildfire impacted areas.

The water chemistry in the wildfire affected lakes in

the Mykland area, had almost returned to pre-fire

conditions 4.5 years after the wildfire. Thus, in this

area of Norway, with significant reductions in acid

deposition during the last decades, with [SO4*] reduc-

tion by 75–88 % in lakes from 1980 to 2011 (Schartau

2012), the most severe water chemical episodes, are

again primarily driven by sea-salt events, directly

linked to hydrologic episodes, directly as a result of

heavy rain, or indirectly during snow melt as the sea-

salt episode(s) are ‘‘accumulated’’ in the snowpack.

Hydrological regime, topography, geology, fire

intensity, fraction of catchment burnt, lake morphomet-

ric conditions such as catchment-to-lake area ratio and

lake residence time, are key factors for the variations in

water chemical response in wildfire affected lakes.
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